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Introduction 
Cementitious materials are widely used in radioactive waste management, for example 

in the solidification of low and intermediate level wastes, or as construction and barrier 

material in underground and surface repositories. The retention of radionuclides in 

cement based materials is controlled by radionuclide solubility phenomena, diffusion, 

and adsorption or incorporation of radionuclides into solids including the formation of 

solid solutions. Within the frame of CEBAMA WP2, we are studying the uptake of 

selected long-lived fission and decay products (Ra, Tc, Mo, I, Se, Cl) in cementitious 

materials and the radionuclide distribution between and within various cement phases 

on the micro scale, using advanced micro analytical and spectroscopic tools. The 

objective of these investigations is to enhance mechanistic understanding of the uptake 

and retention of safety relevant radionuclides in cementitious systems and to assess the 

relevance of chemical alteration processes, such as carbonation or the solid speciation 

of radionuclides in aged concrete. In this context, a bottom-up approach is being 

pursued using synthesised cement phases (model phases) on the one hand and hardened 

cement pastes with different compositions on the other. 

The following sections provide a brief overview on the state of the art with respect to 

(i) the uptake of the selected radionuclides  by cementitious materials and (ii) the 

synthesis of selected phases present in hydrated cements, namely CSH, ettringite, 

monosulfate and hydrotalcite. The phases of interest to be studied for this work were 

selected as they comprise the major phases of a CEM I cement, excluding portlandite, 

as no significant interaction of the latter and the radionuclides of interest is expected. 

Calcium silicate hydrate phases, and calcium aluminate (AFm, AFt) phases provide 

favourable sites for the sorption of radionuclides (Evans, 2008) and as they collectively 

comprise ~60% of the bulk cementitious material a good understanding of their 

interaction with radionuclides is vital when building a safety case for a geological 

disposal facility. 

Interaction of the selected radionuclides with cementitious materials 

Radium 
Radium is a daughter nuclide of 

238
U, the most abundant uranium isotope, as result of 

the 4n+2 decay chain. Therefore, with respect to the direct disposal of spent nuclear 

fuels, 
226

Ra can be a main contributor to dose in the long term (i.e. after more than 
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100,000 years) due to the high concentrations of uranium present within the waste 

inventories (Swedish Nuclear Fuel and Waste Management Co, 2010). In order to 

demonstrate the long-term safety of a final repository, the retention and release 

mechanisms of safety relevant radionuclides need to be understood. Studies regarding 

the uptake of radium (
226

Ra) by hardened cement paste and solubility studies started in 

the early 90s. Bayliss et al. (1989) reported that the concentration of radium in cement 

equilibrated water was up to 10
-7 

mol dm
-3

. Experimental results indicated that the 

concentration of Ra remained constant after adding 1 mol dm
-3

 sulphate to the cement-

equilibrated solution, in contrast to the thermodynamically predicted solubility limit of 

7·10
-8

 mol dm
-3

 calculated for RaSO4. This phenomenon was explained by the lack of 

sufficient nucleation sites. The same work by Bayliss et al. (1989) also studied the 

uptake of radium by a sulphate resistant Portland cement (SRPC) and an ordinary 

Portland cement (OPC) blended with blast furnace slag (BFS) at a ratio of 1:3 

(OPC:BFS). The distribution ratios ranged from 55 cm
3
·g

-1
 to 530 mL·g

-1
 for SRPC 

and from 900 cm
3
·g

-1
 to 1800 cm

3
·g

-1
 for the OPC/BFS using a time scale of 118 to 160 

days for sorption. The higher sorption by OPC/BFS was explained by the formation of 

RaSO4. Later, Holland and Lee (1992) published their work on the sorption of radium 

to SRPC/BFS (1:9), SRPC/PFA (1:9), HAC, OPC, SRPC and tobermorite, a CSH 

surrogate. All experiments ran for 28 days. The distribution ratios or partition 

coefficients (Rd) obtained in this sorption experiments were highest for the high 

alumina cement (HAC) (Rd = 4×10
3
 dm

3
·kg

-1
) and lowest for SRPC (Rd = 3.7×10

1
 

dm
3
·kg

-1
). The sorption of radium to OPC was found to be 5×10

1
 dm

3
·kg

-1
. Although 

these results show that the addition of BFS to SRPC increased the retention of Ra, PFA 

caused even greater enhancement onto SRPC. The sorption of radium onto tobermorite 

was studied in different solutions; simulated pore water (pH 13.1), saturated lime (pH 

12.6) and SRPC equilibrated water (pH 12.4). The highest distribution ratio of 4.5×10
5
 

dm
3
 kg

-1
 was obtained for saturated lime.  

Tits et al. (2006) investigated the interaction of radium with CSH and hydrated cement 

pastes (HCP). In this study, calcium silicate hydrates with different calcium to silicon 

ratios were synthesised to represent the composition of the CSH phases expected at 

different stages of the evolution of cement pastes. The sorption experiments were 

carried out in batches with water to solid ratio of 50 using 10
-8

 mol dm
-3

 Ra. It was 

demonstrated that the uptake of radium by CSH is fast and reaches completion within 

one week of continuously shaking. The speed of uptake showed no differences 

regarding the calcium to silicon ratio, but the distribution ratios decreased with 

increasing calcium content of the CSH phases, indicating competitive interaction 

between calcium and radium. The maximum distribution ratio was found for CSH with 

Ca:Si = 0.96, approx. 4×10
3
 dm

3
·kg

-1
, and decreased to approx. 1.5×10

2
 dm

3
·kg

-1
 for 

CSH with Ca:Si = 1.6. Studies on the liquid to solid ratio used in the batch experiments 

showed that almost no influence on the distribution of radium was observed between 

L:S = 50 and L:S = 1000. Tits et al. (2006) also investigated the desorption of radium 

from the above mentioned phases and observed that radium sorption onto CSH phases 

is linear and reversible. It was stated that the sorption of radium can be described in 

terms of a cation exchange model. Furthermore, it was found that, in the case of HCP, 

the sorption of radium is much slower with fresh HCP, reaching an equilibrium Rd of 

400 dm
3
·kg

-1
 after approx. 60 days compared to the very fast uptake of degraded HCP, 

which reaches equilibrium within one day at a Rd of 140 dm
3
·kg

-1
. 

Technetium 
Tallent et al. (1987) studied the influence of grout composition on the leachability of 
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technetium containing cementitious matrices. They demonstrated that leachability 

decreases with increasing mix ratio, grout fluid density and blast furnace slag content. 

Later, Gilliam et al. (1990) showed that the effective technetium diffusivity of cement 

based waste forms decreases by five orders of magnitude on the addition of BFS. A 

further decrease of the leach coefficient in water and brine (5.2×10
-16 

cm² s
-1

) was 

achieved by addition of sodium sulphide, as reported by Brodda and Xu (1989) who 

concluded that technetium seemed to be chemically fixed. The apparent coefficient 

obtained by leaching a waste containing specimen with Q brine and water was found to 

be 5.2×10
-16 

cm² s
-1 

(Brodda and Xu, 1989).  

Thermodynamic calculations carried out by Smith and Walton (1993) suggested that 

the leachability of the highly mobile anionic species of technetate decreased as a result 

of oxidation by the sulphur present in BFS and formation of Tc2S7. The addition of a 

limited amount of BFS leads to a significant improvement in the performance, but 

higher BFS loading only increases the performance marginally. Smith and Walton 

(1993) concluded by means of technetium speciation modelling studies, that the 

diffusion of oxygen into concrete would have the opposite effect on technetium 

immobilisation; the Tc2S7 would be oxidised to the highly mobile pertechnetate anion, 

which can diffuse from the waste form into the environment (Smith and Walton, 1993). 

Allen et al. (1997) conducted extended X-ray absorption fine structure (EXAFS) 

studies on the effect of sodium and iron sulphides on technetium speciation. In contrast 

to the predictions of Smith and Walton (1993), the studies by Allen et al. (1997) 

demonstrated that the addition of BFS to a cement formulation leads to an in situ partial 

reduction of pertechnetate anions present, whereas the addition of Na2S or FeS results 

in complete reduction to the less mobile Tc(IV). Allen et al. (1997) concluded that 

sulphide containing species are the active reducing agents in BFS. These findings were 

in agreement with previous work done by Gilliam et al. (1990). Furthermore, Allen et 

al. (1997a;b) measured Tc-S and Tc-Tc distances in the presence of Na2S or FeS, 

observing bond distances in agreement with an oligomeric structure similar to that 

found in TcS2. 

Layered double hydroxides (LDHs) have also been suggested as potential host phases 

for technetium in its anionic form. Berner (1999) suggested that binding and/or 

incorporation of TcO4
-
 into the alumina ferric mono/tri-sulphate (AFm/AFt) phases of 

cement systems could be also expected, by analogy to other oxo-anions such as SO4
2-

 or 

MoO4
2-

 (and possibly also SeO3
2-

). Thus, several minerals are known to incorporate 

technetium, for example fougerite (green rust) and potassium metal sulphides. A good 

overview of these potential host phases is given by Luksic et al. (2015).  

Molybdenum 
The interaction of molybdenum with cementitious materials has received relatively 

little attention. The immobilization of molybdenum in ordinary Portland cement and 

single model phases was studied by Kindness et al. (1994), conducting experiments on 

the uptake of Mo onto OPC, slag cements, C3S and AFt. The results show that, 

disregarding starting and cement formulation, the final concentration of molybdenum in 

these batch experiments ranged between 50 and 80 ppm. Kindness et al. (1994) pointed 

out that the solubility of molybdenum appears to be controlled by a precipitation 

mechanism. Further investigations on single model phases demonstrated that two 

solubility limiting phases could be identified; CaMoO4 isostructural with powellite and 

a Mo-AFm phase. Solubility studies of powellite demonstrated incongruent dissolution 

([Mo] = 2.44×10
-4

 mol dm
-3

, [Ca] = 1.87×10
-4

 mol dm
-3

). MoO4
-
-AFt could not be 

synthesized, rather powellite precipitated. Zhang (2000) studied the incorporation of 
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molybdate by hydrocalumite and ettringite using lower concentrations of molybdate. It 

was demonstrated that a solid solution of molybdate and hydrocalumite could be 

synthesized and that molybdate formed a mixed AFm phase with OH
- 
(Zhang, 2000). 

Chlorine 
The extent of the interaction of chlorine ions with cement matrices has been shown to 

depend on several parameters including: (i) the associated cation (Na
+
, Ca

2+
, or Mg

2+
); 

(ii) the cement and mineral admixtures; (iii) the ratio of the water to cement, (iv) the 

curing period and (v) the amount of sulphate in the system (Ogard et al., 1988). 

Chlorine can react with unhydrated aluminate phases to form new compounds, most 

commonly Friedel’s salt (Birnin-Yauri and Glasser, 1998), which comprises part of the 

AFm (alumina-ferric oxide mono-) phase in cement. Bulk composition appears to be 

the most important parameter affecting the chloride binding capacity of cement. The 

C3A content determines the amount of the AFm phase produced, whereas silicate 

phases, such as C3S and C2S, determines the amount of calcium silicate hydrogel (CSH) 

formed upon hydration. The amount of sulphate in the anhydrous cement will 

determine the composition of the AFm phase, as well as the quantity of AFt phase 

(Birnin-Yauri and Glasser, 1998). 

Several studies have investigated the binding of chloride ions to the CSH phase 

(Beaudoin et al., 1990; Yu and Kirkpatrick, 2001); they identify four states of chloride: 

(i) ‘free’, (ii) surface adsorbed (‘chemisorbed’), (iii) interlayer and (iv) lattice-bound. 

The total chloride chemisorbed is dependent on the H/S and C/S ratios as well as on the 

surface area. It has been proposed that most of the chloride ions are chemisorbed on the 

hydrated C3S phase. Beaudoin et al. (1990) suggested that the chemisorbed and 

interlayer species may be removed by leaching, whereas lattice-substituted chlorides 

cannot. Diffusion of 
36

Cl through Nirex Reference Vault Backfill (NRVB, a 

cementitious backfill material) was investigated by van Es et al. (2015), reporting 

significant retardation 
36

Cl in NRVB. However, the addition of brines to the solution in 

contact with the cement, approaching seawater salinity, resulted in breakthrough curves 

similar to those obtained for a conservative tracer (tritiated water, HTO). 

Autoradiographic and elemental mapping by EDX (energy-dispersive X-ray 

spectroscopy) suggested that the 
36

Cl becomes bound to partially hydrated glassy, 

sulphate-bearing calcium silicate clinker particles. Research by Yu and Kirkpatrick 

(2001) using 
35

Cl-NMR relaxation methods (nuclear magnetic resonance) on cement 

hydrate suspensions indicated that the majority of the chloride adsorbed on the surface 

of matrix phases, such as calcium hydroxide and jennite (Ca9Si6O18(OH)6·8H2O), are in 

a solid solution environment in rapid exchange with free chloride ions in the pore 

solution. It was shown that jennite has a limited number of binding sites; however, the 

number of bound chloride ions exceeds this. This excess is thought to be due primarily 

to the formation of alkaline metal chloride complexes or ion pairs such as calcium 

chloride (Yu and Kirkpatrick, 2001). 

Iodine 
Iodine can be captured in some crystalline cement phases including ettringite and 

calcium monosulphate, where the IO3
-
 or I

-
 can substitute for OH

-
, SO4

2-
 or CO3

2- 

(Tanabe et al., 2010). An important aspect of iodine behaviour under repository 

conditions is its redox chemistry and the differences in mobility for IO3
-
 or I

-
. Thus, 

Mattigod et al. (2001) observed a reduction of the leachability of iodine in a cement 

containing steel fibres. A decrease in the mobility of the iodine was suggest to be due to 

the reduction of IO3
- 
to I

-
. In a cementitious repository environment iodine is expected 

to exist as I
-
 (Atkins and Glasser, 1992).  
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A number of studies have been carried out investigating the immobilisation of I
-
 in 

cementitious materials using a range of experimental approaches: (i) through-diffusion 

(Atkinson and Nickerson, 1984; Sarott et al., 1992; Chida and Sugiyama, 2009; Felipe-

Sotelo et al., 2014) and (ii) out-diffusion (Mattigod et al., 2001). The rate of diffusion 

of I
-
 correlates strongly with the water to cement ratio of the paste and an increase from 

0.2 to 0.7 can raise the rate of diffusion by 3 orders of magnitude (Atkinson and 

Nickerson, 1984). Whilst changes in porosity of the cements at high solid to liquid 

ratios may account for some of the impact on diffusivity, the authors suggested that 

other parameters, such as changes in constrictivity could also contribute to the observed 

differences (Atkinson and Nickerson, 1984). 

Iodide sorption onto cement has been shown to increase with increasing Ca:Si ratios in 

CSH gels in spite of an increased competition from OH
-
 at sorption sites, suggesting I

-
 

is sorbed electrostatically (Glasser et al., 1989; Pointeau et al., 2008). Accordingly, 

AFt, which behaves similarly to high Ca:Si ratio CSH, has been shown to remove 

comparably more I
-
 from solutions than AFm (Aimoz et al., 2012). 

Selenium 
A reduction in the mobility of selenium within a cement matrix can occur by means of 

three mechanisms, namely: precipitation, incorporation and adsorption. Some authors, 

for example Séby et al. (1998), suggested that precipitation as selenites will play an 

insignificant role under repository conditions and that only very strongly reducing 

conditions would be capable of causing the precipitation of Se
0
 or selenides, leading to 

a substantial decrease in selenium mobility. Consequently, relatively few studies have 

focused on the solubility of selenium under high pH conditions (Pilkington et al., 1988; 

Felipe-Sotelo et al., 2016). The latter study shows a relation between the concentration 

of Ca available in the alkaline solutions and the solubility of SeO3
2-

, suggesting the 

formation of Ca2SeO3(OH)2∙2H2O as the solubility limiting phase in 95%-saturated 

Ca(OH)2 and NRVB-equilibrated solutions (Felipe-Sotelo et al., 2016).  

Several studies have concluded that adsorption is an unlikely mechanism for 

immobilisation of anionic species onto cement and have focused investigations on the 

incorporation of SeO3
2− 

into cement minerals such as ettringite, monosulphate and 

calcium silicate hydrate (CSH). Solem-Tishmack et al. (1995) suggested that selenite is 

retained in cementitious materials more efficiently than selenate by formation of 

‘selenite-ettringite’ in sulphate-rich cement admixtures. Mace et al. (2007) performed 

batch studies to assess the effect of cement degradation at 70
◦
C on the retention of 

SeO3
2−

. The authors concluded that ettringite plays an important role in the retention of 

Se(IV), since the formation of ettringite is inhibited at high temperature, causing a 

corresponding decrease in the proportion of selenium bound. Moreover, the surface 

area of cement particles decreases at high temperatures owing to crystallization, tending 

to a further decrease in SeO3
2−

uptake (Mace et al., 2007). Although it is usually 

overlooked, calcite can also contribute to the retention of selenite and other oxyanions 

in alkaline conditions (Cornelis et al., 2008); the affinity of SeO3
2−

for calcite surfaces is 

due to the oxyanion assuming a trigonal pyramid crystal form, similar to CO3
2−

. 

Conversely, other authors believe that uptake of SeO3
2− 

by cement is non-specific and is 

the result of electrostatic or complexation interactions. Johnson et al. (2000) 

investigated the adsorption of SeO3
2-

 onto 27 cement formulations in batch studies. 

They found that the addition of clay to the cement admixtures or variation in the water 

content had little effect on the adsorption of SeO3
2−

. The addition of silica fume was 

found to decrease the partition coefficient values, presumably due to competition of 

aqueous silica with selenite for surface sites in the cement. Johnson et al. (2000) 
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remarked that longer curing times (>28 days) may result in increased Rd values, as the 

silica fume would react with calcium hydroxide, resulting in additional CSH. The 

findings agree, in the main, with results reported previously (Rudin, 1996), although the 

latter attributed the increase in selenium retention not to the chemical properties of the 

silica fume but to changes in the cement microstructure as a result of the formation of 

additional tricalcium silicate or physical blockage of the pores with the fine silica 

particles. Through-diffusion experiments in radial configuration showed higher 

mobility through a porous backfill cement (NRVB) than through a PFA/OPC cement, 

which was attributed to the lower porosity of the PFA/OPC grout (Felipe-Sotelo et al., 

2016). Baur and Johnson (Baur and Johnson, 2003) carried out batch studies on the 

uptake of SeO3
2−

on individual cement phases, namely ettringite, monosulphate and 

CSH; on the basis of X-ray diffraction (XRD) data, the authors suggested that binding 

of SeO3
2−

 occurs mainly on the surface as a result of surface complexation and surface 

precipitation with calcium. This hypothesis is supported by extended X-ray absorption 

fine structure (EXAFS) experiments carried out by Bonhoure et al. (2006) where 

SeO3
2−

bound to the cement appears to show non-specific interaction with the cement 

minerals, whether CSH, portlandite, ettringite or monosulphate. Although not phase 

specific, it should be noted that all of these contain calcium and some association 

between calcium and selenium is an observation common to the majority of the above 

investigations.  

Synthesis of cement model phases  

 
CSH 

Several methodologies have been reported for the synthesis of calcium silicate hydrate; 

for example by co-precipitation of Ca(NO3)2 + Si(OH)4 or by hydrothermal synthesis 

(Hartmann et al., 2014; Lachowski et al., 2000). However, the direct method described 

by Atkins et al. (1992) is the most advantageous because minimal handling of the 

reagents is required. In general CaO, either obtained by burning of lime or directly 

obtained as CaO, needs to be calcined prior to use for the removal of remaining 

carbonates. In terms of silicon oxide, a product is needed with a large surface area to 

increase the speed of reaction, for example AEROSIL
®

 300 (SiO2 specific surface area 

300 m² g
-1

). These reagents are simply mixed in the desired ratio of CaO and SiO2, in a 

tightly sealed bottle, suspended in decarbonated water and cured for 4 to 8 weeks for 

reaction; the CSH product is obtained by pozzolanic reaction. 

Ettringite 

Ettringite can be obtained by the reaction of Al2(SO4)3·18H2O and CaO on a time scale 

of 2 to 4 weeks (Atkins et al., 1991). Other synthetic routes include using 

Ca(NO3)2·4H2O Al2(SO4)3·18H2O at a constant pH of 11.5, giving a high yield after 1 

day and overnight drying (Lo Presti et al., 2013), or a very fast synthesis within 3 hours 

as described by Terai et al. (2007) using Ca(OH)2, Al2(SO4)3·18H2O and sucrose. 

Whilst the method described by Atkins et al. (1991) takes the longest amount of time of 

the synthetic routes, it is generally preferred due to the lack of impurities in the product. 

Monosulphate 

The synthesis of alumina ferric oxide monosulphate (AFm-SO4) can be carried out by 

the reaction of tricalcium aluminate (C3A) and ettringite; however this route requires 

the synthesis of C3A and ettringite of high purity (Atkins et al., 1991). AFm-SO4 can 

also be synthesised by the reaction of stoichiometric amounts of CaSO4·2H2O and C3A 

with a rather long curing time of 5 months (Baur et al., 2004). By this method, the 
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anion can easily be exchanged by simply exchanging CaSO4 for example by CaCO3, 

CaI2 or CaCl2 if required (Aimoz et al., 2012). 

Hydrotalcite 

Co-precipitation methods are common for the synthesis of hydrotalcite (Cavani et al., 

1991; Miyata and Kumura, 1973; Sato et al., 1988; Vaccari, 1998, Curtius and 

Kattilparampil, 2005). A disadvantage of this method is that the concentration of 

reactants, speed of addition, final pH of the suspension, degree of agitation and the 

temperature must be carefully controlled. Moreover, the pH can differ in different 

locations within the suspension leading to formation of very stable agglomerates, 

resulting in poor reaction yields. This can be avoided by the use of urea, which is 

decomposed at 90°C to stabilize the pH (Salomao et al., 2014). h work of Long et 

al.(2014) demonstrated the synthesis of hydrotalcite by a solid state reaction. 

Aluminium sulphate, magnesium sulphate and sodium carbonate were fully ground in a 

mortar together with the surfactant polyethylene glycol-400 (PEG-400), stored 

afterwards at 80°C for 3 hours to give a phase pure product after purification by 

washing with deionised water, anhydrous ethanol and drying. A microwave synthesis of 

a phase pure hydrotalcite was reported by Yang et al. (2007) via reaction of magnesium 

nitrate, aluminium nitrate (Mg/Al = 2:1) and urea at a microwave power of 600W 

within 1 hour.  
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A structural and thermodynamic study of the intercalation of iodine, 
selenium, and sulfur in AFm-phases (EMPA, PSI) 
 

Jan Tits, Barbara Lothenbach, Latina Nedyalkova, Erich Wieland 

Introduction 

Safety assessment studies for low- and intermediate level nuclear waste (L/ILW) 

repositories have shown that selenium-75 and iodine-129 are important dose-

determining radionuclides due to their long half-lives and their presence in the anionic 

form resulting in weak retention by many common near- and far field minerals having 

negatively charged surfaces (NAGRA, 2002). However, such predictions ignore the 

potential uptake by positively charged anion exchangers present in the cementitious 

near-field of a L/ILW repository, such as AFm-phases, a group of Ca,Al layered double 

hydroxides. AFm phases consist of positively charged calcium-aluminium hydroxide 

layers having a fixed Ca
2+

:Al
3+

 ratio of 2:1, separated by interlayers containing anions 

and H2O molecules. The type of anions forming the interlayers depends on the 

composition of the starting cement clinker materials and on the composition of the 

supplementary cementitious materials (SCM) added to the cements. Typical anions 

frequently found in AFm phases are OH
-
, SO4

2-
 and CO3

2-
 forming hydroxyl-AFm, 

monosulfoaluminate, hemi- and monocarboaluminates, respectively. In addition, under 

reducing conditions, HS
-
 originating from the reduction of SO4

2-
 might also be present 

as competitive anion in significant quantities. The mobility of 
75

Se-
 
and

 129
I-anions 

present in radioactive waste may be reduced significantly through uptake reactions 

involving substitution in the AFm interlayers. 

The present PhD proposal aims at investigating the intercalation of selenium (Se), 

iodine(I) and sulfur (S) by AFm phases under repository redox conditions.  

 

Conditions expected in the cementitious near-field of a radioactive waste 

repository 

It is generally assumed that after closure, the available oxygen in an ILW repository 

will be depleted rapidly (within 100 years) and conditions will become reducing 

(Wersin et al., 2003). The redox potential will mainly be controlled by the Fe
3+

/Fe
2+

 

redox couple due to the corrosion of steel resulting in the formation of magnetite as the 

major corrosion product (Berner, 2003; Wersin et al., 2003). Based on this assumption, 

Wersin et al (2003) estimated the redox potential in the cementitious near-field of the 

planned Swiss L/ILW repository to be between -750mV and -230 mV (SHE). 

 

Selenium and iodine speciation under repository conditions 

Thermodynamic calculations with the code Medusa (Puigdomenech, 1983) using the 

NEA thermodynamic database for Se indicate that under the alkaline reducing 

conditions expected in the cementitious near-field, Se(IV), Se(0) and Se(-II) are the 

predominant redox states and the aqueous Se speciation is dominated by anionic 

species SeO3
2-

, HSe
-
 and a series of polyselenides (Sex

2-
), mainly Se2

2-
, Se3

2-
 and Se4

2- 

(Olin et al., 2005) (Figure 1a). The stability field of the polyselenide species strongly 
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depends on the total Se concentration: At high total Se concentrations, the polyselenide 

stability fields are very large at the expense of SeO3
2-

 and HSe
-
, whereas at very low 

total Se concentrations, the Se speciation under reducing conditions is mainly 

dominated by SeO3
2-

 and HSe
-
. 

Thermodynamic calculations suggest that HS
-
 is the dominating sulfur species under 

alkaline, reducing conditions (Hummel et al., 2002). However, due to kinetic effects, in 

reality, S
IV

O3
2-

 may dominate the sulfur speciation under moderately reducing 

conditions, whereas under more strongly reducing conditions, S
II

2O3
2-

, HS
-
 and a series 

of polysulfides will be dominant (e.g., Gruskovnjak et al., 2006).   

Iodide (I
-
) is the thermodynamically stable phase under alkaline and reducing repository 

near-field conditions (Thoenen et al., 2014) (Figure 1b).  
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Figure 1:  Predominance diagrams of Se, S and I in the pH and Eh regions relevant for 

the cementitious near field of a level/ILW nuclear waste repository calculated 

for a total radionuclide concentration of 10
-6

 M. Calculations were performed 

using the code Medusa (Puigdomenech, 1983) with thermodynamic data for 

Se included in the NEA thermodynamic database and with thermodynamic 

data for I included in the PSI thermodynamic database (Thoenen et al., 

2014). 
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Cement composition 

During the cement hydration process, various hydrated cement phases are formed. 

Among them, calcium silicate hydrate phases (C-S-H phases) and calcium aluminates 

phases (AFt and AFm phases) exhibit favourable radionuclide sorption properties (e.g., 

Chen et al., 2009). They make up approximately 46% and 17 % of the hardened cement 

paste (HCP) respectively (e.g., Lothenbach and Wieland, 2006).  

C–S–H phases are characterized by strong negative surface charge density originating 

from the ionization of silanol (=Si-O-H) and silandiol (=Si(OH)2) groups on the particle 

surfaces and in the interlayers (e.g., Churakov et al., 2014; Labbez et al., 2006; 

Pointeau et al., 2006b). This negative surface charge explains the low affinity of this 

cement component for anions in spite of their extremely large surface area. Recent 

studies however suggest increased anion sorption in the presence of high Ca
2+

 

concentrations due to overcompensation of the negative charge on the C-S-H surfaces 

(Plusquellec et al., 2012). 

A high anion exchange capacity resulting from a permanent structural negative charge 

on surfaces and in flexible interlayers, make AFm phases very promising cement 

phases for the retention of radioactive anions. The different types of AFm phases differ 

mainly in their interlayer composition, their interlayer distance and their solubilities 

(aqueous composition in equilibrium with each AFm phase). Typical anions frequently 

found in AFm phases are OH
-
, SO4

2-
 and CO3

2-
 and under reducing conditions possibly 

S2O3
2-

 and HS
-
. The interlayer distance depends on the type of anions present in the 

interlayer and on the number of H2O molecules. The strongly bound CO3
2-

 anions and 

the water molecules in the interlayers of AFm-CO3 firmly connect the main layers 

resulting in a rigid, narrow interlayer (basal spacing = 7.55 Å, hindering diffusion of 

other anions into the interlayers (Baquerizo et al., 2015; Francois et al., 1998). The 

weakly bound [OH(CO3
2-

)0.5]
2-

 and SO4
2-

 anions in AFm-OH-CO3 and AFm-SO4 on the 

other hand give rise to much larger, more flexible interlayers (basal spacing = 8.17 Å 

and 8.93 Å, respectively (Allmann, 1977; Balonis and Glasser, 2009)) allowing easy 

access to other anions. Dissolution – re-precipitation reactions may provide a further 

mechanism for other anions to become incorporated in AFm structures.  

 

Immobilisation of selenium and iodine by AFm phases under reducing conditions 

Retention processes on cementitious materials have an essential impact on the 

migration of 
75

Se and 
129

I from the waste canisters through the near-field to the host 

rock. Retention may occur through reactions on the mineral surfaces (inner-, outer 

sphere complexation, anion exchange, surface precipitation) or by structural 

incorporation into mineral phases via co-precipitation or recrystallization processes. In 

the case of I and Se anions in an alkaline, cementitious environment, complexation 

processes with surface functional groups are expected to be of minor importance 

because such processes mainly occur in the acidic to neutral pH range (e.g., Stumm and 

Morgan, 1996). Under alkaline conditions, anion sorption will mainly occur via anion 

exchange processes on surfaces of minerals carrying a positive charge (e.g. AFm-

phases), intercalation in AFm interlayers through substitution of the typical AFm 
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anions (i.e., OH
-
, SO4

2-
 and CO3

2-
) or dissolution of the primary AFm phases and re-

precipitation of a new AFm phases containing Se(IV), Se(-II) or I(-I). 

 

Selenium 

Under moderately reducing conditions, Se
IV

O3
2-

 will dominate the Se speciation 

whereas under more strongly reducing conditions, HSe
-
 and a series of polyselenides 

will be dominant.   

In the last two decades, several studies on the uptake of Se(IV) by cement materials 

have been published e.g., Baur and Johnson, 2003; Bonhoure et al., 2006; Macé et al., 

2007; Pointeau et al., 2006a; Pointeau et al., 2008). Moderately strong uptake was 

observed on the main cement phases with Rd values of 180 L kg
-1

, 380 L kg
-1

 and 210 L 

kg
-1

 on ettringite,    C-S-H phases and AFm phases, respectively (Baur and Johnson, 

2003; Bonhoure et al., 2006). Recent in-house sorption experiments on different cement 

phases show a slightly different picture (Rojo et al., 2015, pers. comm.). Rojo et al. 

found similar Rd values for C-S-H phases of 300 L kg
-1

 at low loadings (10
-5

 mol kg
-1

) 

but much higher Rd values for AFm phases ranging from 10
3
 L kg

-1
 to 2·10

4
 L kg

-1
 

(loading = 10
-5

 mol kg
-1

). Furthermore, they found SeO3
2-

 sorption onto AFm phases to 

depend strongly on the type of anions present in the interlayers (and thus on the 

interlayer distance): AFm-OH-CO3 exhibited a strong affinity for Se(IV) (Rd = 10
4
 L 

kg
-1

) whereas the affinity of AFm-CO3 for this anion was found to be significantly 

lower (Rd = 10
3
 L kg

-1
).  

Several Se(IV) sorption studies onto hydrated cement pastes (HCP) showed that the 

degradation state of the cement has a strong impact on the uptake of this anion 

(Pointeau et al., 2006a; Pointeau et al., 2008). The stronger sorption on degraded HCP 

appeared to be inversely proportional to the sulphate concentration suggesting that 

either ettringite or AFm-SO4 are involved in the Se(IV) sorption process.  

The knowledge obtained from these earlier studies clearly indicates that AFm phases 

play a key role in the immobilization of Se(IV) in cementitious environments and that 

exchange with anions in the AFm phases is the mechanism controlling the Se
IV

O3
2-

 

uptake. This is no surprise. knowing that AFm phases belong to the family of the 

layered double hydroxides (LDH’s) a group of minerals well known for their excellent 

anion exchange properties (e.g., Goh et al., 2008). 

Under strongly reducing conditions, the HSe
-
 and polyselenides are the Se species 

dominating the redox speciation. Studies concerning the sorption of Se(-II) on 

cementitious materials are completely inexistent up to date as it is very difficult to 

maintain Se in the (-II) redox state during sorption experiments. First attempts to 

measure the sorption of Se(-II) onto cement phases have been carried out in house by 

Rojo et al. (pers. comm.). In these experiments, hydrazine was used in an attempt to 

stabilize the Se(-II) redox state. It was shown that the (–II) redox state was maintained 

for the Se sorbed onto the cement phases, but that the Se remaining in the aqueous 

phase was oxidized during the sorption experiments. Therefore, Rd values for Se(-II) 

sorption could not be derived from these experiments. 

 

Sulfur 
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The binding of sulfate (S(VI)) in AFm and AFt phases is well investigated (e.g., 

Matschei et al., 2007). At high sulfate concentrations as predominant in the presence of 

gypsum, the formation of ettringite is observed. At lower sulfate concentrations 

ettringite can be destabilised to form AFm-SO4.  

The formation of sulphide containing AFm-phases (AFm-S: 3(CaO)·Al2O3·CaS·13H2O 

and disulfurooaluminate: 3(CaO)·Al2O3·2(CaS)·10H2O) has been suggested by Vernet 

(Vernet, 1982). Unfortunately, no further characterisation or experimentally derived 

solubility data are available for these or any other sulphide bearing AFm or AFt phase.  

The different redox species of sulfur and selenium are isostructural although the ions 

have somewhat different sizes. Thus a strong influence of sulfur on the selenium 

binding is expected.  

 

Iodine 

The recent literature contains numerous studies on the retention of I
-
 by cementitious 

materials. Recent comprehensive literature overviews can be found in the review report 

of Wang et al (Wang et al., 2009) and the paper of Evans (2008). These authors 

concluded that the main uptake processes for I
-
 in cement include surface complexation 

onto C-S-H phases as well as structural incorporation into AFm phases. Ochs et al. 

(Ochs et al., 2010) compared the I
-
 sorption onto different cement minerals and reported 

sorption values to decrease following the order AFm > C-S-H with high C/S ratio ~ AFt 

> C-S-H with low C/S ratio. I
-
 incorporation into AFm interlayers has been studied by 

Brown and Grutzeck (1985), Toyohara et al. (2002) and Aimoz et al. (2011, 2012a, 

2012b). These studies proved the existence of mono-iodide as a stable phase and 

unravelled its structure. Furthermore evidence was provided that the intercalation of I
-
 

in AFm interlayers depends on the type of competing anion: i.e., AFm-SO4 is capable 

of taking up I
-
 forming a solid solution whereas the presence of CO3

2-
 or Cl

-
 prevented 

I
-
 intercalation. The I

-
 uptake by AFm-OH-CO3 was not included in these studies. 

 

Objectives 

Although Se and I uptake by AFm phase has already been the subject of several studies, 

sorption data for Se(-II) under strongly reducing conditions, as well as an atomic scale 

understanding of the uptake processes of Se(IV), Se(-II) and I
-
 and thermodynamic 

models describing the uptake, are still largely missing. Such models are essential for 

predicting the fate of selenium in the cementitious near-field of a L/ILW repository. 

Furthermore, presently no data exist on the fate of sulfur in AFm phases under reducing 

conditions and on the competition between reduced sulfur species and Se(-II) or I(-I) 

for ion exchange sites in AFm phases.  

The aims of the present PhD thesis are  

1) To compare the Se and I sorption data from co-precipitation experiments and 

sorption experiments with different AFm phases 

2) to construct thermodynamic models able to predict the uptake of Se(IV) and I(-

I) by different types of AFm phases, 
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3) to investigate the interaction of Se(-II) and reduced sulfur species (S(IV), S(II) 

and S(-II)) with AFm phases and to construct thermodynamic models describing 

these interactions 

The main experimental challenge of the present project is the development of 

experimental procedures to synthesize AFm phases containing reduced Se and S 

species under highly alkaline conditions and to characterize them with advanced 

spectroscopic techniques (ESEM, TG, IR, XRD and Rietveld refinement, XAS, acid 

digestion) without re-oxidation of the samples. To our knowledge, studies on the 

interaction of Se(-II) and S(-II) by cement minerals have never been published so far, 

mainly due to the experimental difficulties associated with the stabilization of the Se(-

II) and S(-II) redox states. To overcome this problem, either the use of electrochemical 

cells or chemical reducing agents are envisaged. In the past, sorption studies with 

Np(IV), a highly oxygen-sensitive actinide, have been carried out by our research group 

(Gaona et al., 2011). The experience obtained during this study will be very helpful in 

the present PhD project. 
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Abstract 
Beryllium is a highly chemotoxic element expected in certain waste forms to be 

disposed of in repositories for radioactive waste disposal. The amphoteric behaviour of 

Be(II) is widely accepted in the literature, although the number of experimental studies 

reporting the formation of anionic hydrolysis species (Be(OH)3
–
 and Be(OH)4

2–
) under 

alkaline to hyperalkaline conditions is very scarce. Be(II) forms also strong complexes 

with carbonate, but so far most of the available studies investigating this interaction 

have focused on acidic to weakly alkaline pH conditions. In spite of the lack of 

dedicated studies assessing the uptake of Be(II) by cementitious materials, a weak 

sorption is conservatively predicted based on the formation of negatively charged 

species in the aqueous phase. This contribution summarizes the state of the art on the 

solubility, hydrolysis and sorption of Be(II) in the alkaline to hyperalkaline pH 

conditions relevant in cementitious systems.  

 

Introduction 
This state of the art report summarizes the main publications available in the literature 

investigating the chemistry of Be(II) in alkaline to hyperalkaline pH conditions relevant 

in cementitious systems. The report is divided in two main sections, namely “Solubility, 

hydrolysis and carbonate complexation of Be in alkaline to hyperalkaline pH 

conditions” and “Sorption of Be in cementitious systems”. Focus has been given to the 

quantitative description of Be(II) behavior in this systems, e.g. to the availability of 

thermodynamic data, distribution coefficients and/or surface complexation models. 

Publications dealing with Be(II) aqueous speciation and solid phase characterization 

under alkaline to hyperalkaline pH conditions but providing no quantitative description 

of these systems are shortly summarized in the report. The final section entitled 

“Summary and outlook” provides the link between this state of the art report and the 

activities on Be(II) chemistry planned at KIT–INE within the CEBAMA project. 

 

Solubility, hydrolysis and carbonate complexation of Be in alkaline to 
hyperalkaline pH conditions 
This section summarizes those experimental studies investigating the solubility, 

hydrolysis and carbonate complexation of Be(II) in alkaline to hyperalkaline pH 

conditions. A larger number of publications have dealt with the chemistry of Be(II) 

under acidic to near-neutral pH conditions, but these are out of the scope of this report 

and are consequently not discussed in the following. 

Gilbert and Garrett (1956) conducted a comprehensive solubility study with -

Be(OH)2(cr) in weakly acidic (4.8  pH  5.3) and hyperalkaline pH conditions (0.02 m 

 [NaOH]  0.71 m). In the case of alkaline samples, the authors worked with nitrogen-

mailto:xavier.gaona@kit.edu
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filled flasks to avoid carbonate contamination. Solubility samples were equilibrated for 

one week. Phase separation was achieved by sedimentation for at least seven days. 

Experimental data collected in NaOH solutions (see Figure 1) were interpreted by the 

authors with the formation of Be(OH)3
–
 and Be(OH)4

2–
 according with the equilibrium 

reactions (1) and (2). Hydrolysis constants for these species recalculated in Baes and 

Mesmer (1976) and Bruno (1987) from experimental solubility data in Gilbert and 

Garrett (1956) and using estimated corrections for activity coefficients variation are 

summarized in Table 1: 

 

-Be(OH)2(cr) + OH
–
  Be(OH)3

–
       (1) 

-Be(OH)2(cr) + 2 OH
–
  Be(OH)4

2–
      (2) 

 

 

Figure 1. Experimental solubility data reported in Gilbert and Garrett (1956) for -

Be(OH)2(cr) in 0.02 m  [NaOH]  0.71 m. 

 

Green and Alexander (1963, 1965) performed solvent extraction experiments with 
7
Be(II) within 5 ≤ pH ≤ 13 using N-n-butylsalicylideneimine dissolved in toluene as 

extractant system. Concentration of 
7
Be(II) in the organic and aqueous phase was 

quantified by -spectroscopy. The authors interpreted their extraction data according 

with the chemical reactions (3) and (4), although acknowledging that the decrease in 

the distribution coefficients observed at pH > 9 (assigned to the formation of Be(OH)3
–
) 

could be attributed also to the decomposition of N-n-butylsalicylideneimine. The 

stability constant reported in Green and Alexander (1965) for the chemical reaction (4) 

is summarized in Table 1. 

 

Be(H2O)4
2+

  Be(H2O)2(OH)2(aq) + 2 H
+
      (3) 

Be(H2O)4
2+

  Be(H2O)(OH)3
–
 + 3 H

+
      (4) 
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Table 1. Summary of thermodynamic data reported in the literature for the solubility 

and hydrolysis of Be(II). Only aqueous species forming in alkaline to hyperalkaline pH 

conditions are reported. 

 

Reference Method Medium T (°C) log10 K log10 K° 

-Be(OH)2(cr) + 2 H
+
  Be

2+
 + 2 H2O(l) 

Gilbert and Garrett (1956) solubility HCl / HClO4 25   (6.860.05) 

      (6.690.02)
a
 

 (6.870.05)
b
 

-Be(OH)2(cr) + 2 H
+
  Be

2+
 + 2 H2O(l) 

Bruno et al. (1987) solubility 3.0 M NaClO4 25  (6.180.03)  (5.90.1) 

-BeO(cr) + H2O(l) + OH–  Be(OH)3
–
 

Soboleva et al. (1977) solubility NaOH 25
c
 

150 

200 

250 

 3.60 

 (2.950.2) 

 (2.70.3) 

 (2.40.3) 

 

Be
2+

 + 3 H2O(l)  Be(OH)3
–
 + 3 H

+
 

Gilbert and Garrett (1956) 

 

Green and Alexandre (1965) 

solubility 

 

sol. extr. 

NaOH 

 

NaOH 

25 

 

25 

 

 

– (24.110.03) 

– (23.260.04)
a 

– (23.460.05)
b
 

Be
2+

 + 4 H2O(l)  Be(OH)4
2–

 + 4 H
+
 

Gilbert and Garrett (1956) solubility NaOH 25  – (37.40.2)
a 

– (37.590.05)
b
 

a. recalculated in Baes and Mesmer (1976); b. recalculated in Bruno (1987); c. extrapolated in Soboleva et al. (1977) from 

experimental results at T = 150, 200 and 250°C 

 

Sengupta (1964) studied the formation of basic beryllium carbonate compounds. The 

author precipitated from beryllium carbonate solutions at pH ≥ 10 a number of solid 

phases with the generic formula M6[Be4O(CO3)6](cr), where M
+
 = 1/3[Co(NH3)6]

3+
, K

+
, 

Na
+
 and NH4

+
. No thermodynamic data is available so far in the literature for these 

solid phases. 

Soboleva et al. (1977) investigated the solubility of -BeO(cr) in acidic to 

hyperalkaline pH conditions at 150, 200 and 250°C. The authors explained their 

experimental observations with the equilibrium reactions (5) to (7). The experimentally 

determined log10 Ks,(1,x) (with x = 1–3, T = 150, 200 and 250°C) and the accordingly 

extrapolated constants at T = 25°C are summarized in Table 1.  

 

-BeO(cr) + H
+
  BeOH

+
        (5) 

-BeO(cr) + H2O(l)  Be(OH)2(aq)       (6) 

-BeO(cr) + H2O(l) + OH
–
  Be(OH)3

–
      (7) 

 

Bruno et al. (1987a, 1987b) performed the most comprehensive investigation available 

to date on the system Be(II)–H2O–CO2(g). The authors used a combination of e.m.f. 

measurements and solubility experiments in the range 2.0  –log10 [H
+
]  8.5 at partial 

pressures of CO2(g) of 0.01 to 0.95 atm. Bruno and co-workers quantified the solubility 

product of the crystalline phase -Be(OH)2(cr) (Table 1) and determined the 

stoichiometry and stability of a number of ternary Be(II)–OH–CO3 aqueous species 

(Table 2).  
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Table 2. Complexation constants of Be(II) with carbonate as reported in Bruno et al. 

(1987a, 1987b). All constants reported in 3.0 M NaClO4. 

 

Reaction
a
 log10 K Reference 

3 Be
2+

 + 3 H2O(l) + CO2(g)  [Be3(OH)3(CO2)]
3+

 + 3 H
+ 

5 Be
2+

 + 6 H2O(l) + CO2(g)  [Be5(OH)6(CO2)]
4+

 + 6 H
+
 

6 Be
2+

 + 9 H2O(l) + 2 CO2(g)  [Be6(OH)9(CO2)2]
3+

 + 9 H
+
 

Be
2+

 + 2 H2O(l) + CO2(g)  Be(OH)2(CO2)(aq) + 2 H
+
 

 

Be
2+

 + 3 H2O(l) + CO2(g)  Be(OH)3(CO2)(aq) + 3 H
+
 

 

Be
2+

 + 4 H2O(l) + CO2(g)  Be(OH)4(CO2)(aq) + 4 H
+
 

 

3 Be
2+

 + 9 H2O(l) + 3 CO2(g)  [Be3(OH)9(CO2)3]
3–

 + 9 H
+
 

3 Be
2+

 + 10 H2O(l) + 3 CO2(g)  [Be3(OH)10(CO2)3]
4–

 + 10 H
+
 

– (8.900.02) 

– (17.240.04) 

– (29.460.06) 

– (10.40.1) 

– (10.120.06) 

– (16.820.02)
b
 

– (16.680.08)
c
 

– (24.20.1)
b
 

– (24.220.04)
c
 

– (45.50.5) 

– (52.00.5) 

Bruno et al. (1987a) 

Bruno et al. (1987a) 

Bruno et al. (1987a) 

Bruno et al. (1987a) 

Bruno et al. (1987b) 

Bruno et al. (1987b) 

Bruno et al. (1987b) 

Bruno et al. (1987b) 

Bruno et al. (1987b) 

Bruno et al. (1987b) 

Bruno et al. (1987b) 
a. stoichiometry of the complexes (1,2,1), (1,4,1), (3,3,1), (3,9,3), (3,10,3) suggested by Raman as BeCO3(aq), 
[Be3(OH)2(HCO3)]

3+, [Be3(OH)3(CO3)3]
3–, [Be3(OH)4(CO3)3]

4–, [Be5(OH)4(CO3)]
4+; b. determined by solubility experiments; c. 

determined by e.m.f measurements 

 

Figure 2 exemplarily shows the solubility curves of -Be(OH)2(cr) and -Be(OH)2(cr) 

calculated using the thermodynamic data provided in Table A1 of the Appendix. The 

same set of constants are used in solid and dashed curves, except for the species 

Be(OH)2(aq), for which log10 K°1,2 = –13.76 (solid line, as reported in Baes and 

Mesmer, 1976) and log10 K°1,2 = –11.00 (dashed line, as reported in Bruno 1987) are 

used. Differences in the aqueous speciation underlying the solubility curve of -

Be(OH)2(cr) are shown in the fraction diagram in Figure 3. The relevant disagreement 

between both sets of constants basically arises from the lack of experimental studies in 

the near-neutral to weakly alkaline pH-range. With regard to cementitious systems, 

these uncertainties have a direct impact on the calculated solubility of Be(II) within 10 

≤ pH ≤ 12, where differences of up to 2 log10-units are observed. Note further that all 

calculations shown in Figures 2 and 3 have been performed at I = 0 due to the lack of 

reliable SIT ion interaction coefficients for those species forming under alkaline to 

hyperalkaline pH conditions. 
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Figure 2. Solubility of -Be(OH)2(cr) and -Be(OH)2(cr) as calculated using the 

thermodynamic data summarized in Table A1. Solid lines calculated using log10 K°1,2 = 

–13.76 as reported in Baes and Mesmer (1976). Dashed lines calculated using log10 

K°1,2 = –11.00 as reported in Bruno (1987). All calculations performed at I = 0. 

 

  

Figure 2. Fraction diagrams of Be(II) underlying the solubility curve of -Be(OH)2(cr) 

calculated using the thermodynamic data summarized in Table A1. Left diagram 

calculated with log10 K°1,2 = –13.76 as reported in Baes and Mesmer (1976). Right 

diagram calculated using log10 K°1,2 = –11.00 as reported in Bruno (1987). All 

calculations performed at I = 0. 

 

Renders and Anderson (1987) investigated the solubility of kaolinite (Al2Si2O5(OH)4) 

and beryl (Be3Al2Si6O18) in the temperature range 363  T [K]  573. In order to 

interpret their solubility data at elevated temperatures, the authors estimated the 

enthalpy and entropy of step-wise hydrolysis reactions of Be(II) based on the 
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correlations previously described in Baes and Mesmer (1981). Values of rH° and rS° 

estimated in Renders and Anderson (1987) for the step-wise hydrolysis reactions of 

Be(II), in combination with the corresponding log10 K° reported in Baes and Mesmer 

(1976) are summarized in Table 3. 

 

Table 3. Enthalpy and entropy data estimated in Renders and Anderson (1987) for the 

step-wise hydrolysis reactions of Be(II). Stability constants log10 K° as reported in Baes 

and Mesmer (1976). 

 

Reaction rH° (kJmol
–1

) rS° (Jmol
–1
mol

–1
) log10 K° 

Be
2+

 + H2O(l)  BeOH
+
 + H

+
 47.7 54.4 –5.387 

BeOH
+
 + H2O(l)  Be(OH)2(aq) + H

+
 48.5 4.6 –8.267 

Be(OH)2(aq) + H2O(l)  Be(OH)3
–
 + H

+
 40.6 –46.0 –9.621 

 

A number of experimental studies in the 60’s investigated the formation of ternary M–

Be(II)–OH solid phases (with M = Na
+
, Ca

2+
, Sr

2+
 and Ba

2+
) under hyperalkaline pH 

conditions (Everest et al., 1962; Scholder et al., 1968; among others). The structural 

definition of these solid phases was based on the predominant role of the anion 

Be(OH)4
2–

 (i.e. Na2[Be(OH)4](cr), Ca[Be(OH)4](cr), etc.), although no proof of concept 

other than quantitative chemical analysis was provided in that publications. Later 

studies have demonstrated that the structure of these solid phases is more complex than 

originally proposed (Schmidbaur et al., 1998; Schmidt et al., 1998; Schmidbaur, 2001), 

and contains polyatomic moieties of Be(II) as those forming under acidic pH 

conditions. Hence, the compound Na2[Be4(OH)10]5H2O(cr) was reported to form in 

concentrated NaOH solutions (Schmidbaur et al., 1998), whereas the solid phase 

Ca2[Be2(OH)7][H3O2]2H2O(cr) was observed in alkaline CaCl2 solutions. Note that the 

latter structure contains the hydrated OH
–
 ion, H3O2

–
, which was previously reported in 

the literature (Ruf et al., 1996; Tuckerman et al., 1997, among others). The role of these 

polyatomic Be(II) moieties in the aqueous phase and the corresponding equilibria with 

the monomeric Be(OH)4
2–

 species and solid phases remain so far unknown: 

 

2 Be(OH)4
2–

  [Be2(OH)7]
3–

 + OH
–
       (8) 

4 Be(OH)4
2–

  [Be4(OH)10]
2–

 + 6 OH
–
      (9) 

 

High level nuclear waste resulting from plutonium production is stored in more than 

170 tanks in the Hanford Site, WA (USA). Most of these wastes are characterized by 

high pH (12–13.5) and the presence of concentrated salts (NaNO3, NaNO2, etc.). As a 

result of its use as a component of the Zircaloy 2 fuel cladding processed in the PUREX 

plant and as a feed constituent in the plutonium finishing plant (PFP), beryllium is 

found in both solid and liquid phases of the Hanford waste (Reynolds, 2013). Although 

with a very heterogeneous distribution, Be(II) concentrations of up to 180 ppm and 3 

ppm ( 3.310
–4

 M) are found in solid and liquid wastes, respectively. Provided the high 

concentration of carbonate and fluoride in the alkaline wastes, Reynolds speculated on 

the possible predominance of the species Be(OH)2CO3
2–

 and BeFy(OH)m
2–y–m

 in the 

aqueous phase of the Hanford tanks.  
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9
Be NMR and DFT calculations have been also used in the literature to assess the 

aqueous speciation of Be(II) (Chinea et al., 1997; Alderighi et al., 1998; Rozmanov et 

al., 2004, among others). So far most of these studies have focused in the acidic to near-

neutral pH range where cationic hydrolysis species prevail, but may also prove to be 

helpful in the assessment of Be(II) aqueous speciation under alkaline to hyperalkaline 

pH conditions where anionic hydrolysis species are known to form. 

 

Sorption of Be in cementitious systems 
No experimental studies investigating the uptake of Be(II) by cement and cementitious 

materials are available in the literature. Due to the high charge-to-size ratio of Be
2+

 (z/d 

= 1.21, with d = rBe2+ + rOH–) caused by its very small size (rBe2+ = 0.27 Å), Wieland and 

Van Loon (2003) speculated on the moderate sorption to be expected in hardened 

cement paste (HCP). In spite of this, the authors conservatively proposed a Rd = 0 

accounting for the predominance of negatively charged hydrolysis species Be(OH)3
–
 

and Be(OH)4
2–

 in the pore water conditions expected in cement systems (Wieland and 

Van Loon, 2003; Wieland, 2014). A similar approach was proposed in the recent 

review work by Ochs and co-workers (Ochs et al., 2016). 

 

Summary and outlook 
This state of the art report highlights the relevant limitations affecting the knowledge of 

Be(II) chemistry under alkaline to hyperalkaline pH conditions, both in the absence and 

presence of carbonate. Hence, important uncertainties arise with regard to the aqueous 

species of Be(II) prevailing in this pH-range and absence of carbonate. The formation 

of ternary Na/Ca–Be(II)–OH solid phases has been described in a number of 

experimental studies, but no thermodynamic data is available so far in the literature. 

The possible role of these solid phases in controlling the solubility of Be(II) in 

cementitious systems remains unclear. Large uncertainties arise also on the solubility of 

/-Be(OH)2(cr) within 10 ≤ pH ≤ 12, mostly due to the lack of experimental studies 

within this pH-range and the very discrepant values provided for the second hydrolysis 

constant of Be(II). This pH-range is particularly relevant in the later degradation steps 

of cement, and thus dedicated studies with Be(II) targeting this pH-region are greatly 

needed. Similarly as for hydrolysis, most comprehensive experimental studies 

investigating Be(II) complexation by carbonate have focused on acidic to weakly 

alkaline pH conditions. Because of the very strong hydrolysis of Be(II), ternary Be(II)–

OH–CO3 complexes were already reported at –log10 [H
+
] ≤ 8.5. A large collection of 

ternary complexes (both mono- and polynuclear) and solid phases is consequently 

expected under hyperalkaline conditions. 

No experimental studies are available so far on the uptake of Be(II) by cement or 

cementitious materials. Rd estimates provided in the literature are largely conservative 

and can be significantly improved by a dedicated experimental program. 

The uncertainties identified within this state of the art report are in line with the 

motivation of KIT–INE to investigate the chemistry of Be(II) in cementitious systems 

within WP2 of the CEBAMA project. In a first step, KIT–INE will investigate the 

solubility and hydrolysis of Be(II) in dilute to concentrated NaCl and CaCl2 solutions 

within 5 ≤ pHm ≤ 14 (with pHm = –log10 [H
+
]). The near neutral pH range is considered 

for a more accurate characterization of log10 K°s,0 of the solid phases investigated, 

whereas the use of dilute to concentrated salt systems aims at a better extrapolation of 

conditional constants to the reference state (I = 0) and the simultaneous determination 
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of the (SIT) activity model parameters for calculating activity coefficients. 

Experimental focus will be given to (undersaturation) solubility experiments 

complemented with extensive solid phase characterization (XRD, SEM–EDS, 

quantitative chemical analysis, XPS). The aqueous phase will be also investigated by 
9
Be NMR, although the KIT–INE team is aware of the limitations of this 

technique/system under hyperalkaline pH conditions. The final goal of this part of the 

study is to derive complete and accurate chemical, thermodynamic and activity models 

for the system Be
2+

–Na
+
–Ca

2+
–OH

–
–Cl

–
–H2O(l). Although it is expected that the 

thermodynamic models and chemical speciation schemes derived for NaCl systems can 

be adopted for the modeling of the largely analogous KCl systems relevant during 

certain evolution stages of cement degradation, work will include selected solubility 

studies to validate this analogy and related chemical thermodynamics. Based upon the 

studies to investigate Be(II) solubility in the absence of carbonate, latter studies will 

include experiments to assess the influence of carbonate. Focus will be put on the 

systems under absence of carbonate for which comprehensive chemical and 

thermodynamic models will be developed. 

In a second step, the uptake of Be(II) by ordinary Portland cement (OPC, fresh) and C–

S–H phases with different Ca:Si ratio will be investigated. Sorption isotherms with 

increasing [Be] will be quantified with these materials. In the case of C–S–H phases, 

different pH conditions (10.0 ≤ pH ≤ 13.3) will be investigated as imposed by the 

corresponding Ca:Si ratio. The preparation of these solid phases will be conducted in 

close co-operation with BRGM, PSI–LES and EMPA. The main goal of this part of the 

study is the quantification of Be(II) uptake by cementitious materials within different 

degradation stages of cement. Modelling of the sorption data will be also attempted, 

either as surface complexation or as solid solution models. 
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Appendix 

 
 

Table A1. Solubility and hydrolysis constants of Be(II) reported in the literature and 

considered in the present work for thermodynamic calculations. 

 

Reaction log10 K° Reference 

-Be(OH)2(cr) + 2 H
+
  Be

2+
 + 2 H2O(l)  (6.860.05) Gilbert and Garrett (1956)

a
 

-Be(OH)2(cr) + 2 H
+
  Be

2+
 + 2 H2O(l)  (5.90.1) Bruno et al. (1987) 

-BeO(cr) + 2 H
+
  Be

2+
 + H2O(l)  (5.00.1) Soboleva et al. (1977) 

Be
2+

 + H2O(l)  BeOH
+
 + H

+ 

 

Be
2+

 + 2 H2O(l)  Be(OH)2(aq) + 2 H
+ 

 

Be
2+

 + 3 H2O(l)  Be(OH)3
–
 + 3 H

+
 

Be
2+

 + 4 H2O(l)  Be(OH)4
2–

 + 4 H
+ 

2 Be
2+

 + H2O(l)  [Be2OH]
3+

 + H
+ 

3 Be
2+

 + 3 H2O(l)  [Be3(OH)3]
3+

 + 3 H
+ 

5 Be
2+

 + 6 H2O(l)  [Be5(OH)6]
4+

 + 6 H
+ 

6 Be
2+

 + 8 H2O(l)  [Be6(OH)8]
4+

 + 8 H
+ 

– (5.60.1) 

 

– (13.650.05) 

– (11.000.05) 

– (23.460.05) 

– (37.590.05) 

– (3.470.05) 

– (8.860.05) 

– (19.50.1) 

– (26.30.1) 

Schwarzenbach and Wenger 

(1969); Bruno (1987) 

Baes and Mesmer (1976) 

Bruno (1987) 

Gilbert and Garrett (1956)
a 

Gilbert and Garrett (1956)
a 

Bruno (1987) 

Bruno (1987) 

Bruno (1987) 

Bruno (1987) 
a. recalculated in Bruno (1987) 
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Abstract 

Molybdenum-93, an activation product from the steel with a half-life of 4,000 years, 

supposes a threat to LILW disposal safety as it is able to form highly mobile and 

thermodynamically stable molybdate anions in cementitious porewaters. In general, 

there is a lack of experimental information in the literature to gain insight into this 

element behaviour under different conditions. Initially, ettringite (AFt-SO4) and 

monosulphate (AFm-SO4) have been proposed as viable cement constituents for 

oxyanion immobilization via sulphate substitution. Experimental evidences point out 

that ettringite has the potential to accommodate oxyanions from a solely 

thermodynamic point of view, although this phase uptake strongly depends on size and 

charge similarities between sulphate and substituting oxyanions. Oxyanion-substituted 

ettringites can be easily converted into sulphate ones if they are exposed to sulphate 

influx. Monosulphate is more suitable than ettringite for oxyanion immobilization as it 

is not as restricted as ettringite with regard structural charge and size. AFm-SO4 phase 

is reported to be the major host phase for anion immobilization at pH above 12, being 

able at the same time to control oxyanion solubility to lower levels than ettringite. 

There is a general lack of thermodynamic parameters which difficult the development 

of efficient models to predict molybdenum behaviour at repository conditions. C-S-H 

gels binding mechanisms for oxyanion depends on surface zeta potential, two C-S-H 

phases with C/S ratio of 0.8 and 1.1 has been suggested to be studied as they show 

clear opposite ζ values. 

Introduction 

The chemical processes occurring within the near-field due to metal corrosion and 

concrete degradation, as well as interactions with groundwater flowing through the 

facility, will determine the long-term chemical evolution of the repository near-field. 

Two crucial parameters characterizing the chemical system are both pH and the redox 

potential, the latter being important as it governs aqueous speciation of some redox-

sensitive radionuclides. This in turn, defines the source term for these radionuclides 

from the near-field into the geosphere and subsequently to the biosphere. This is the 

case of molybdenum-93, an activation product from the steel with a half-life of 4000 

years. Mo is a redox-sensitive element, whose aqueous speciation is dominated by the 

thermodynamically highly stable molybdate (MoO4
2–

) - Molybdates of the alkali metals 

and ammonium are quite soluble in water. This species is typically considered to 

dominate even under moderately reducing conditions. However, even though the most 

common oxidation state of Mo is +VI, its reduction to Mo +IV can be envisaged 

considering strongly reducing redox conditions developed in the near-field under high 

pH conditions imposed by cementitious surroundings. 
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Besides the groundwater flow barrier function, concrete is included in the repository 

design to condition the near-field pore water to a high pH for long periods of time and 

to provide abundant microstructural surfaces for the sorption of radioelements. The 

high pH pore water ensures an environment in which the solubility of many 

radioelements is lower than under circum-neutral pH conditions. 

Under the cementitious conditions (pH>9), Powellite (CaMoO4(s)) becomes the 

solubility-controlling phase under all the states of cement degradation. In this case, 

molybdenum solubility is very sensitive to differences in calcium concentrations.  

Therefore, the main parameters that may control molybdenum solubility are pH, Eh and 

calcium concentration. Under cementitious conditions, Mo released from the waste 

could be controlled either by CaMoO4(s) (Mo(VI)) or MoO2(s) (Mo(IV)) – depending 

on the redox potential and dissolved Ca concentrations. 

However, given large amounts of dissolving/precipitating cementitious phases, Mo 

dissolved concentrations are expected to be further reduced by additional processes, 

such as surface complexation and ion-exchange. The most representative phases 

responsible for molybdate immobilization in cement environment are reported to be 

AFt and AFm phases.  

Apart of AFt and AFm phases, even though no specific studies have been focused on 

C-S-H capacities for molybdate immobilization, experimental data obtained from other 

anions such as CrO4
2–

 and AsO4
3–

 suggest that C-S-H gels might be also important 

cementitious phases to retain MoO4
2–

. 

On the other hand, Mo uptake in cement-based materials might be strongly reduced by 

the presence of some other anions such as B(OH)4
–
 or CrO4

2–
, SeO4

2–
, SO4

2–
, OH

–
 and 

CO3
2–

 in the system. 

Further experimental work would be of interest to fully understand the behavior of Mo 

under cementitious environments. The most important uncertainty concerning 

molybdenum is the scarcity of thermodynamic data available in the literature. Although 

the chemical behavior of this element is assumed to be alike to Selenium (under 

alkaline conditions) due to structural and electric equivalences, there are still a rather 

large uncertainties and insufficient information on the redox phenomena, reaction 

kinetics, changes in solubility and speciation, release mechanisms and solid solution 

formation. 

Objectives 

The overall objectives of WP2 corresponding to CEBAMA framework are to study 

radionuclide retention processes in high pH concrete environments on relevant hydrated 

cement phases and alteration products. In this context, Amphos 21 in collaboration with 

ANDRA will focus on molybdenum retention to contribute to the acquisition of 

data and understanding the retention mechanisms of molybdenum in cement. 

The Amphos 21 objectives include: 

− Study of the kinetic evolution of the anionic substitution of Mo on cement 

pastes as well as on pure phases. 

− Develop a bottom-up description of Mo retention mechanisms and the 

parameters affecting its potential release to solution. 
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The main expected outcome is the acquisition and the understanding of the 

mobility/retention processes of Mo through the different cementitious barriers. The 

information and models derived within WP2 of CEBAMA can be applied for high level 

waste disposal scenarios, but also offer the possibility to assess several aspects of low 

and intermediate level waste disposal on a significantly improved scientific and 

technical basis. 

The general methodology to fulfil the objectives comprises a set of successive specific 

objectives or tasks. These tasks will be subsequently carried out jointly to complete the 

abovementioned overall objectives. 

Specific objective of task 1 

Task 1 will involve a literature review and pre-experimental thermodynamic 

calculations. The details of these sub-tasks are explained as follows: 

Literature review: An in-depth revision of related literature on the latest available data 

of interest. The study will focus on the necessary parameters to help experimental 

design and modeling with special attention to: 

− Molybdenum chemical behavior in alkaline environments (pH > 11) including 

thermodynamic data. 

− All the parameters potentially affecting Rd of Mo and its kinetics onto cement 

pastes and pure cementitious phases. 

− Stability fields and solubility of cementitious phases presumed to be study. 

− Experimental data reporting zeta potential of cementitious systems and its 

influence towards anions retention. 

− Experimental data from AFt and AFm analogues substituted with other anions 

(e.g. SeO4
2–

,
 
CrO4

2–
). 

Thermodynamic calculations: Based on information and parameters gathered in the 

literature review, this task will focus on the modeling of these parameters in order to 

identify gaps of information and sensitive parameters and assumptions as well as their 

experimental accessibility.  

This methodological (desk) study will define and scope the experimental approach and 

will aid to identify the most interesting conditions to be studied (e.g. define type of 

experimental setup and solid phases to be studied, i.e. CEM V type, AFm and AFt 

phases, etc.). 

Literature review 

Sources of Molybdenum within the near-field 

Typical molybdenum radionuclides in LILW are Mo-99 and Mo-93. While the former 

has a half-life of 4.5210
−3

 years, the latter (Mo-93) in turn is a synthetic radioisotope 

with a half-life of 4000 years formed by irradiation with thermal neutrons and fast 

neutrons (Lindgren et al. 2007). Sources for Mo-93 are metallic materials (steels and 

zircaloy in the core region), and activation of molybdenum in dissolved form or as 

corrosion particles in the coolant (Figure 1). The release of activation products in the 

core components is controlled by the corrosion of steel and stainless steel. 
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Figure 1. Evolution with time of the composition of a conventional nuclear fuel (from 

fresh fuel to 3-year irradiation). Source: Thorium: Reduce, Reuse, Recycle, (n.d.) 

 

Solubility and speciation of Molybdenum 

Molybdenum is redox-sensitive with broad range of oxidation states, the most common 

are +IV and +VI. Under anoxic/sulphidic (euxinic) conditions, Molybdenite (Mo
IV

S2) is 

the most common mineral and the main commercial source of molybdenum, however, 

Mo is predicted to exist in its most oxidized state in oxic waters as tetrahedrally 

coordinated molybdate anion (Mo
VI

O4
2–

 - Figure 2).  

 

Figure 2. Redox potential – pS diagram for molybdenum in water at 25 °C and pH = 8. 

Dashed line stands for natural measurements after Berner (1964). Source: Bertine 

(1972) 

 

Solubility of the common alkali and alkali earth salts of molybdate are usually high, the 

most water soluble compounds of Mo (VI) include ammonium, sodium, potassium and 

magnesium salts (Scadden, 1960). However, molybdenum compounds show in general 

low solubility in water, forming rather insoluble compounds with Hg
2+

, Pb
2+

, Sr
2+

 or 

Th
4+

 (Table 1).  

 

 

https://en.wikipedia.org/wiki/Solubility
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Table 1. Insoluble compounds of molybdenum. Source: Scadden (1960) and others. 

Reagent Precipitate Water solubility 

(g/100g of water) 

Ag
+
 Ag2MoO4 4.410

-3
 (25 °C) 

Ba
2+

 BaMoO4 5.810
-3

 (23 °C) 

Bi
3+

 Bi2(MoO4)3 2.010
-2

 

Ca
2+

 CaMoO4 4.110
-3

 (20 °C) 

Cd
2+

 CdMoO4 sl. soluble 

Hg2
2+

 Hg2MoO4 insoluble 

Pr
3+

 Pr2(MoO4)3 1.210
-3 

(20 °C) 

Pb
2+

 PbMoO4 1.210
-5

 (20 °C) 

Sr
2+

 SrMoO4 1.110
-2

 (20 °C) 

Th
4+

 Th(MoO4)2 insoluble 

 

When Mo is found at high concentration in solution and pH < 7, this metal oxyanions 

tend to condense to form polymolybdate ions, however the principal Mo species 

existing at alkaline conditions is the mononuclear molybdate ion MoO4
2–

.  

Furthermore, molybdenum has a strong capacity to form complex anions such as 

heteropoly acids, peroxy-molybdates, complexes with halides, cyanide, thiocyanate, 

etc., as well as complexes with organic substances such as oxalic, citric acids, EDTA (a 

reduction factor of 1 is proposed for molybdenum in the presence of organic ligands 

based on the work performed by Colàs et al. (2014). See sorption section for more 

details). 

Solubility and speciation of Mo under alkaline/cementitious conditions 

The main parameters affecting molybdenum solubility are the pH, the redox potential 

of the system and calcium concentrations present in contacting waters. At the 

conditions imposed by cementitious media (strong alkaline pH), molybdate anion is 

soluble and thermodynamically stable even under highly reducing conditions (Figure 

3a). This can be observed in Figure 3b, where maximum molybdate dissolved 

concentration is unaffected in a wider pe range for higher pH. 

   

(a) (b) 

Figure 3. (a) Predominance Eh/pH diagram of Mo at 25 ºC (Phase-controlled 

environment) [Mo(VI)]tot= 2·10
-6

 M; [Ca(II)]tot= 2·10
-2

 ML; (b) Solubility of Mo versus 

pe at different system pH [Mo]0 = 10
-2

 M (Diagrams calculated in the present work 

with Spana v3 using ThermoChimie database v9b0). 

 

https://en.wikipedia.org/wiki/Molybdate
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Under cementitious conditions, CaMoO4(s) could be the solubility-controlling phase 

depending on the redox potential and dissolved Ca concentrations. As can be observed 

in Figure 4 performed in the present work with TC database v9b0, at 10
–2

 M of 

dissolved calcium concentration, the area where Powellite might precipitate covers a 

wide range of pH and Eh, suggesting the great stability of this phase at cementitious-

related conditions. Only at advanced degradation states of cement, dissolved Mo 

solubility could be controlled by MoO2(s) at moderate reducing conditions. Note that 

Figure 4 only depicts a ternary system where Ca, Mo and H2O have been considered; so 

in a more complex system, e.g. in composite cements containing Blast Furnace Slags 

(BFS) (e.g. CEM III, CEM V), sufficient sulphide content might be present so as to 

form other compounds such as MoS2. Furthermore, as Kindness et al. (1994) suggested, 

a more complex system will involve the inclusion of Mo in any hydrated cement phase 

which will modify its solubility at these conditions (see sorption section). 

 

 

Figure 4. Predominance Eh/pH diagram of the system Mo-Ca-H2O at 25 °C. 

[Ca(II)]=10
–2

 M; [Mo(VI)]=10
–3

 M. (Diagram calculated in the present work with 

Spana v3 using ThermoChimie database v9b0 (https://www.thermochimie-tdb.com)) 

 

From the calculations carried out with ThermoChimie database v7b by Ochs et al. 

(2015), the authors also suggested Powellite as the only solid phase relevant to control 

the dissolved Mo concentration. They also indicate that this phase solubility is pH-

dependent as Powellite precipitation is favoured at lower pH which means that 

molybdate activity (i.e. the solubility) decreases with decreasing pH as is controlled by 

equation 10: 

CaMoO4(s) + 2H2O  Ca(OH)2(s) + MoO4
2–

 + 2H
+
    [log K = -30.7]  eq. 10 

Kindness et al. (1994) studied molybdenum solubility in OPC and reported a dissolved 

Mo concentration of 610
–5

 M after 30 days of experiment. The solid phases identified 

were Powellite (CaMoO4(s)) and Mo-substituted cementitious phases. Berner (2002) 

conducted solubility and speciation calculations in cementitious pore waters using the 

Nagra/PSI Chemical Thermodynamic Data Base for Mo. He established the total 

dissolved concentration of this element in 2.6·10
–5

 M at -230 mV with CaMoO4(s) 

resulting as the stable solid (MoO2(s) was only stable below -750 mV). The underlying 
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aqueous speciation was dominated by molybdate ion. From his calculations, solubility 

increased to 1.6·10
–3

 M at pH 13.44, which was assumed to be the upper limit. 

More recently, Berner (2014) performed a new set of solubility calculations with the 

most recent version of GEMS/PSI (GEMS3.2 v.890) using the PSI/Nagra Chemical 

Thermodynamic Data Base 12/07 with data for hydrated cement phases from 

CEMDATA07 and with data from the literature concerning Mo. The calculated 

Powellite solubility was established at 7.210
–6

 [mol/kg H2O], which was reported as 

the recommended value. Table 2 displays the recommended and upper limit values as 

well as speciation obtained by this author latest calculation. 

Table 2. Recommended and upper limit molybdenum solubility and corresponding 

underlying speciation calculated by Berner (2014). 

Limiting phase – 

CaMoO4(s) 

Calculated 

solubility (mol/kg 

H2O) 

Speciation 

Recommended 7.210
–6

 
MoO4

2–
 (82.9%) 

CaMoO4(aq) (17.1%) 

Upper limit 2.010
–5

 
MoO4

2–
 (60.5%) 

CaMoO4(aq) (39.5%) 

 

In alkaline porewaters of Maqarin, the measured concentrations of molybdenum are in 

the order of 10
-6

 M (Linklater, 1998). Based on these experimental data from natural 

analogues and solubility calculations, Grivé et al. (2012) performed a solubility 

assessment of different radionuclides and indicated the Mo most likely concentrations 

at alkaline conditions (Figure 5). The upper limit of the solubility range is given by the 

highest solubility of CaMoO4(s) (3·10
-4 

M) whereas the lower limit are defined by the 

lower concentration measured in Natural Analogues groundwater (10
-6

 M). The author 

indicated that these smaller values would include the effect of sorption processes in Mo 

retention. 

 

Figure 5. Mo solubility limits analysed in Natural Analogues and calculated. On the 

basis of these data, recommended range of Mo concentration is also given. Source: 

Grivé et al. (2012). 

Ochs et al. (2015) plotted the solubility of CaMoO4(s) with changing Ca concentration 

to simulate the fate of this phase along an eventual cement degradation represented by 

Ca dissolved concentration in the porewater. As can be observed in Figure 6, where 

dissolved calcium and molybdenum concentration are shown, when cement porewater 

is fresh (state I - pH = 13.5), alkali concentration is limiting Portlandite solubility by 

common ion effect, so Mo dissolved concentration is high. As alkali content has being 

removed from solution (state II - pH = 12.5), dissolved Mo concentration follows a 

steady decrease, reaching its lowest value in solution with 210
−6

 mol/kg when the 

system is governed by Portlandite equilibrium. Once Portlandite has dissolved (pH < 
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12.5), Mo aqueous content suffers a constant increase in state III which is associated 

with a decrease of Ca concentration. At these degradation states (III and IV), Ca 

dissolved content is regulated by the solubility of C-S-H phases and varies as function 

of pH, and therefore the solubility of CaMoO4(s) will be affected.  

 

Figure 6. Solubility of CaMoO4(s) in a system where the concentration of calcium is 

controlled by the solubility of portlandite at State I–II (pH 13.5–12.5), at State III C-S-

H_1.6 to pH  12.1, C-S-H_1.2 to pH  11.7, and C-S-H_0.8 to pH = 10.8. Source: 

Ochs et al. (2015). 

These results are in agreement with the ones experimentally acquired by Kindness et al. 

(1994), where the solubility of Powellite in distilled water, saturated Ca(OH)2 and 

saturated Ca(OH)2 in 0.1 M NaOH was determined at 25°C (Table 3).  

Table 3. Experimentally determined CaMoO4(s) solubility at 25 °C in different media. 

Source: Kindness et al. (1994) 

CaMoO4(s) solubility Mo concentration (ppm) 

 ICP/MS AAS 

Distilled water 21.46 25.40 

Saturated Ca(OH)2 25.69 30.81 

Saturated Ca(OH)2 in 0.1 NaOH 35.10 39.10 

 

Solubility calculations carried out in the present work 

Calculations performed with ThermoChimie v.9.0 suggest that, under cementitious 

conditions, Powellite (CaMoO4(s)) could be the solubility-controlling phase with a 

solubility of 2.910
-4

 m. The underlying speciation is completely dominated by 

MoO2
4–

 (Figure 7). Under eventual cement degradation, molybdenum concentration in 

solution is still controlled by Powellite in all degradation states, i.e. alkali-free (state II), 

portlandite-free (state III) and totally degraded (state IV) (Figure 7).  

Solubility of this phase is strongly associated to calcium availability in solution, and 

therefore Powellite solubility follows a symmetrical trend as Calcium dissolved 

concentration (see Figure 6 and 7), i.e. at state I, the presence of alkalis limits Ca 

content in solution and thus Powellite solubility shows a maximum (orange dots in 

Figure 7); from state I to state II, calcium concentrations increase in solution (blue dots) 

and promotes Powellite precipitation (State II, Figure 7); from this degradation state 
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onwards, as the cement is undergoing a progressive de-calcification, Ca decreases in 

solution and slightly enhances Powellite dissolution (States III and IV, Figure 7). 

Therefore, Powellite solubility covering the conditions resulting from the degradation 

of cement is within the range 5.5210
-6

 and 2.9210
-4

 mol/kgw, which in turn assumes a 

pH range from 13.29 to 9.96 and a redox potential of -278.48 to +15.80 mV. It is 

noteworthy to mention that molybdenum aqueous speciation is entirely governed by 

MoO4
2–

 ion at every studied degradation state. 

 

 

Figure 7. Calculated Powellite solubility and dissolved calcium concentration against 

cement degradation states. Left axis stands for Mo(VI) total concentration (mol·kgw
-1

) 

in equilibrium with the selected solubility-limiting phase (orange dashed line) and 

Ca(II) total concentration (blue dashed line). Right axis stands for molal percentage of 

predominant Mo aqueous species (>5%) in the studied conditions (grey bars). 

 

The effect of calcium on Mo solubility is shown in Figure 8. Differences in Powellite 

solubility correspond to up to 2 orders of magnitude when calcium concentration in 

solution increases from 10
-4

 to 10
-2

 mol/l (the limits of Ca concentration range expected 

to be encountered under cementitious environment are between 10
-3

 and 10
-2

 mol/l). In 

this case, molybdenum solubility is very sensitive to differences in calcium 

concentrations. 
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Figure 8. Influence of calcium concentration on the solubility of CaMoO4(s) under 

cementitious conditions at different pH and Eh. Green area stands for Ca concentration 

found in cementitious media. 

 

Although molybdenum is a redox-sensitive element, the Eh of the system does not 

influence Mo concentrations in solution under the abovementioned circumstances 

(Table 4). Scoping calculations performed herein suggest that under this environment, 

only the conditions imposed by a system ruled by anaerobic/reducing steel corrosion 

(very low Eh) could be able to reduce molybdenum from Mo (+VI) to Mo (+IV) and 

thus the solubility of this element would be then controlled by MoO2 (s).  

 

Table 4. Solubility-controlling phase, solubility limits and aqueous speciation for Mo 

under cementitious media calculated in this report. 

Cement porewater (-278.48 < Eh (mV) < +15.80) 

Solid phase State 
Concentration 

(mol/kgw) 
Speciation 

CaMoO4(s) 

State I 2.9210
-4

  

MoO4
2–

 (100%) 
State II 5.5210

-6
 

State III 8.4910
-6

 

State IV 1.4110
-5

 

 

Thermodynamic data 

There are several databases including data for this element although they are not 

complete. 

 

Thermodynamic data selection for molybdenum compounds was based on data 

available in the open literature (e.g. Aveston et al., 1964; Sasaki and Sillén, 1968a; 

1968b; O`Hare et al., 1974; O`Hare, 1974, etc.) and gathered different thermodynamic 

parameters, including stability constants for formation reactions and standard molar 

Gibbs energy of formation (ΔGf⁰) (http://www.thermochimie-tdb.com/). 
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The value for molybdate anion was acquired after the review on solubility and 

thermochemistry data performed by O´Hare et al. (1974). In turn, the value of the 

constant for molybdate hydrolysis (HMoO4
–
) was selected according to the studies 

conducted by Aveston et al. (1964), Sasaki et al. (1968) and Sasaki and Sillén (1968). 

Apart of thermodynamic values for molybdate aqueous species (e.g. MoO4
2–

, HMoO4
–
) 

and solid molybdates (e.g. CaMoO4(s), BaMoO4(s), PbMoO4 (s), etc.), the selection 

also included molybdenum oxides and sulphides  

Thermoddem database V1.10 only contains thermodynamic information of the aqueous 

species MoO4
2–

 and HMoO4
–
.  

In turn, PSI/Nagra Chemical Thermodynamic Data Base (12/07) (Thoenen et al., 2014) 

includes information of Mo(s), Mo(cr), Molybdite and MoO3(s), not including any 

aqueous species.  

As far as the present literature review has revealed, there is only one work that gathers 

extensive thermodynamic information with respect to molybdenum compounds, the one 

conducted by Dellien et al. (1976). The authors performed a critical review on the 

thermodynamic properties of compounds and aqueous ions of molybdenum (among 

others). They stablished a data selection based on available experimental information as 

well as on recalculated published data.  

 

Sorption mechanisms and reported sorption values 

The analysis of expected Mo dissolved concentrations under cementitious conditions 

presented in the previous section considers pure mineral solubility as the only occurring 

process. However, given large amounts of various materials (cement phases, corrosion 

products or bentonite) present in the system, Mo dissolved concentrations are presumed 

to be further reduced by additional processes, such as surface complexation or ion-

exchange mechanisms. 

The main molybdenum species relevant for the repository conditions is the molybdate 

ion, which is referred to have low sorption capacity on matrix cement mineral,s as it is 

negatively charged. Kato et al. (2002) conducted batch sorption measurements on 

hydrated Ordinary Portland Cement (OPC) paste at pH of about 12.1 - 12.5 to test 

different Mo(VI) concentrations and solid-to-liquid ratios. The Rd values obtained at 

low initial Mo concentrations (low enough so the formation of Powellite is unlikely) 

ranged between 30 and 100 l/kg and resulted to be in good agreement with the values 

reported by Lothenbach et al. (1999) for selenate (SeO4
2–

) (Figure 9). 

Due to similarities with regards chemical properties (both oxyanions are isostructural 

and the central atoms (+VI) have the same charge), and in the absence of significant 

available experimental data for Mo, some authors have referred to selenate as a 

chemical analogue for molybdate and thus assumed the sorption of molybdate in 

cementitious matrices to be the same as the one corresponding to selenate, i.e. related to 

the presence of ettringite (Kato et al., 2002; Ochs et al., 2011). 
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Figure 9. Distribution ratio (Rd) of Se(VI) and Mo(VI) in cementitious systems as a 

function of pH. The values for calcite are a range estimated by Ochs et al. (2001). CEM 

HS refers to sulphate resisting Portland cement. Mo [low] refers to an initial Mo 

concentration of 5 - 7.510
−7

 mol/l; Mo [high] to a range of ca. 410
−6

 to 610
−5

 mol/l.  

 

In this context, Keller (2002) investigated the sorption of selenite and selenate to 

ettringite, monosulphate and C-S-H obtaining associated distribution ratios (Table 5). A 

weak selenate sorption was observed onto ettringite and no significant sorption to C-S-

H, whereas sorption to monosulphate was strong. The author suggested substitution of 

sulphate as the relevant process, indicating a more efficiently selenate sorption by 

monosulphate-rich cement.  

 

 

Table 5. Distribution ratios for selenite and selenate on ettringite, monosulphate and C-

S-H(I) at varying liquid to solid ratio. n.s. indicates no significant uptake. Source: 

Keller (2002) 

Distribution ratio - Rd 

(l/kg) 
Ettringite Monosulphate C-S-H(I) 

Selenite    

LS52 0.09  0.01   

LS260 0.07  0.02   

LS520 0.18  0.08 0.38  0.09 0.21  0.07 

Selenate    

LS520 0.03  0.03 2.06  0.59 n.s. 

 

Kindness et al. (1994) studied the potential immobilization of cement systems for 

molybdenum using commercial Portland cements (OPC and blended cement) and 

single phase mixtures (C3S, C3A, C3A + CaSO4.2H2O and ettringite).  

From the tests with pure phases they observed a rapid decrease of Mo concentration in 

solution over the first 12 days and thereafter remained steady. Final soluble Mo 

concentrations were in the range 40-50 ppm after 46 days of test. These values resulted 

to be very similar to those obtained by reaction of Mo with actual cement systems 

(Table 6) which were in the range 54-80 ppm after 28 days. The difference between 
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both results was attributed to the higher alkali content in the cement porewaters which 

reduces soluble Ca concentration. 

Table 6. Mo dissolved concentrations in OPC and slag cement porewaters at different 

temperature and curing time. Source: Kindness et al. (1994) 

 20 °C 55 °C 

OPC 7 days 28 days 7 days 28 days 

0.05 mg Mo/g cement 70 60 67 59 

0.5 mg Mo/g cement 360 76 300 80 

Slag cement (9:1) 7 days 28 days 7 days 28 days 

0.05 mg Mo/g cement 58 57 59 58 

0.5 mg Mo/g cement 240 54 225 58 

 

More recently, Vollpracht and Brameshuber (2016) conducted an experimental study to 

investigate the binding of several trace elements in different types of cements. Although 

molybdenum concentration in the porewater differed from one another cement, they 

observed a reduction of Mo dissolved content with the hydration time, which was 

associated with a sulphate replacement in ettringite (Figure 10a). The same conclusion 

was attained by Engelsen and Van der Sloot (2010) from their leaching and modelling 

studies, although the model of Mo binding to ettringite was not in fair agreement with 

experimental data. Finally, from the leaching tests, Vollpracht and Brameshuber (2016) 

indicate that molybdate release from cement matrix is controlled by diffusion processes 

(Figure 10b).  

    

(a) (b) 

Figure 10. (a) Decrease of Mo concentrations in the pore solution during cement 

hydration; (b) Comparison of Mo concentrations in the leaching tests to pore solution 

concentrations of fresh cement paste. Source: Vollpracht and Brameshuber (2016) 

Zhang (2000) studied Mo (among others) retention in pure ettringite- and 

hydrocalumite-water systems. He observed almost a complete removal of this oxyanion 

from solution when hydrocalumite was present. However, incorporation into ettringite 

was not as strong as the one observed with other anions. Maximum uptake values 

reported in the literature for different anions are listed in Table 7. 

Table 7. Maximum uptake capacity (MUC) of some anions by hydrocalumite and 

ettringite. Source: Zhang (2000). 

 
Oxyanion 

MUC  

(x10
3
 mg/kg) 

Reference 



 

45 

 

Hydrocalumite B 18.7 Wenda and Kuzel (1986) 

 Cr 74.7 Perkins (2000) 

 Mo 133 Kindness et al. (1994) 

 Se - - 

Ettringite B 33.8 Pollman et al. (1993) 

 Cr 119 Kumarathasan et al. (1990) 

 Mo - - 

 Se 170 Hassett et al. (1990) 

 

When Ca3AI2O6CaSO413H2O (AFm-type phase) was mixed with Na2MoO4 at 25 °C 

during 14 days of curing, Kindness and co-workers observed the presence of three 

phases: Powellite, Mo-AFm and ettringite. Analysis of the products by AEM revealed 

that the ettringite did not contain any significant quantity of Mo. Therefore they 

concluded that Mo concentration in this system appears to be controlled by 

precipitation mechanisms, being identified two main solubility-limiting phases, i.e. an 

isostructural CaMoO4 with the naturally occurring mineral Powellite and an AFm-type 

phase. 

It is noteworthy to point out that whereas Kindness et al. (1994) found much stronger 

bonding of Mo onto AFm relative to AFt, Ochs et al. (2015) indicated that the bonding 

of Se into AFt phases is reported to be stronger and attributed this disagreement to a 

conservative data acquisition for Se/AFt compared to Mo. However, as previously seen 

in Table 2, sorption experiments conducted by Keller (2002) also revealed a weak 

selenate adsorption to ettringite (Rd = 0.03 m
3
/kg) compared to monosulphate (Rd = 

2.06 m
3
/kg), indicating that Se(VI) has a higher tendency to sorb in a monosulphate-

rich cement. 

The best estimates and associated upper and lower limits for Mo adsorption according 

to Ochs and co-workers are listed in Table 8. The approach proposed for selenate has 

been adopted for molybdate, with Rd being strongly related to the presence (and the 

amount) of ettringite in the system. As ettringite is assumed to be present during states 

I, II and the first part of state III, the adopted values by Ochs and co-workers are 3 l/kg 

in all these cases (Table 8). On the other hand, the presence of ettringite is not clearly 

established for the second part of state III (and it is also not likely that a large amount 

of calcite will be present). Therefore, very low sorption value has been assigned for 

molybdate in these states. 

Similarly, Colàs et al. (2014) used data reported for selenate (SKB, 2014a; SKB, 

2014b) to attain a reduction factor of -1 for molybdenum in the presence of organic 

ligands. 

Table 8. Selected best estimate, upper and lower limit Rd values for molybdenum. 

Source: Ochs et al. (2015) 

pH state 
Best estimate 

Rd (l/kg) 

Upper limit 

Rd (l/kg) 

Lower limit 

Rd (l/kg) 

State I 3 33 0.3 

State II 3 33 0.3 

State III – ett. present
a
 3 33 0.3 

State III – ett. absent 0.1 0.3 0.01 

State IV 0.1 0.3 0.01 

The condition “ettringite present” is valid up to pH 11.3; below this value, ettringite is exhausted 

(“ettringite absent”). aRd may also be obtained by considering a functional relationship with the 

amount of ettringite and its evolution (Rd would not be a fixed number but variable). A value 

corresponding to pure ettringite present would be 50 l/kg 
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The data reported by Ochs et al. (2015) must be referred as tentative and taken with 

caution as there are many reports available in the literature that point out an oxyanion 

immobilization favored by incorporation into hydrocalumite structures. From the in-

depth revision carried out by Chrysochoou and Dermatas (2006), the authors state that 

ettringite exhibits an immobilization potential which only exists under strictly 

controlled conditions, being sulphate substitution by oxyanions in the monophases 

(AFm) more pronounced at lower anion concentrations.  

Cementitious phases 

AFt and AFm phases  

AFt phases have the general formula [Ca3(Al,Fe)(OH)6 · 12H2O]2 · X3 · xH2O, where X 

normally represents one divalent anion (or, in some cases, two monovalent anions). The 

most important AFt phase is ettringite, [Ca3Al(OH)6 · 12H2O]2 · (SO4)3 · 2H2O] (Taylor 

1997) and it forms quite rapidly during cement hydration. 

AFt phases are formed under broadly similar conditions to AFm phases, but at higher 

ratios of CaX to C3(A,F). AFt can decompose to form AFm phases depending on 

sulphate and carbonate activity. In blended cements ettringite does not show systematic 

changes in composition, it seems to form a solid solution between Al – Fe and an 

incomplete solid solution between CO3
2–

 – SO4
2–

 (Möschner et al., 2009; Matschei and 

Glasser, 2010). 

Naturally occurring AFm phases (also known as SO4-hydrocalumite) are double-

layered hydroxides with variable composition. Taylor (1997) adopted the term 

hydrocalumite to refer to any calcium aluminate with the formula 

Ca4Al2(OH)12·X2·nH2O, thus, AFm can be named as SO4-hydrocalumite as well as 

Friedel´s salt as Cl-hydrocalumite. According to Zhang and Reardon (2003), 

monosulphate (AFm - SO4
2–

) or its hydroxide analogue (AFm - OH
–
) are referred to as 

the major host mineral studied for oxyanions. In this regard, as mentioned in section 0, 

Kindness et al. (1994) proposed monosulphate as the controlling mineral phase for 

molybdate in cement from solubility studies using PhreeqC (eq. 11). 

Ca4[Al(OH)6]2·MoO4·10H2O + 12H
+
=4Ca

2+
+2Al

3+
+MoO4

2–
+22H2O [log K = 71.66]     eq. 11 

Structure and derived properties 

Both AFt and AFm phases have shown to play an important role on the fate of 

oxyanions in cement environment by means of sorption/incorporation mechanisms. 

These phases’ capacities are strongly dependent on their crystallographic structure, 

including crystal size and nature of the layer charge (e.g., isomorphic substitutions, 

vacancies). AFm crystal structure is composed of brucite-like octahedral layers with 

Ca
2+

 occupying 6-fold coordination with hydroxyl anions (Figure 11(a)). One third of 

Ca
2+

 sites are occupied by Al
3+

 generating a positive net charge in the octahedral layers 

which enables anion incorporation to achieve charge balance. 

Ettringite, like other AFt phases, forms hexagonal prismatic crystals with columns of 

positive-charged chemical units with a composition of Ca6[Al(OH)6 · 12H2O]2
6+

. 

Anions (SO4
2– 

in the case of ettringite) and water molecules are located in channels 

between columns in each unit cell (Figure 11(b)). 
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(a) (b) 

Figure 11. Schematic representation of (a) hydrocalumite structure; (b) single column 

of ettringite projected parallel to c-axis (Blank circles stand for H2O molecules). 

The columns consist of AI(OH)6 octahedra alternating with triangular groups of edge-

sharing CaO8 polyhedra. The column alignment is along the c-axis of the trigonal-

hexagonal unit cell. Eight oxygen atoms in the polyhedra come from the Ca
2+

 

coordination with four OH
–
 ions shared with the AI(OH)6 octahedra and from the 

coordination with four H2O molecules. The hydrogen atoms from the molecules of 

water are forming the cylindrical surface of the columns. The channels contain four 

sites per formula unit of the column structure which contains six calcium atoms. Three 

of these sites are occupied by SO4
2–

 and one by two H2O molecules (Taylor, 1997 - 

Figure 11(b)). 

Mechanism of anion uptake 

There is a general consensus that the two main mechanisms identified for oxyanion 

uptake in these types of cementitious phases are: 

a) Adsorption onto the surfaces 

b) Direct partial/complete substitution for SO4
2–

/OH
–
 in the interlayer regions of 

these phases (Figure 12 (a-b)). 

          

(a) (b) 

Figure 12. (a) 3D image of a hydrocalumite-type structure (AFm if the outgoing anion 

is sulphate) (b) Ettringite structure (cross section view – parallel to c-axis). Fixation 

mechanisms of molybdenum in these phases by anion exchange process. 
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Stability fields 

The following solid phases are likely to form at 25 °C in the system CaO–Al2O3–SO3–

H2O: 

− Ettringite (AFt): 3CaO⋅Al2O3⋅3CaSO4⋅32H2O 

− Monosulphoaluminate or Monosulphate (AFm): 3CaO⋅Al2O3⋅CaSO4⋅12H2O 

− Gypsum: CaSO4⋅2H2O 

− Hydrogarnet (C3AH6): 3CaO⋅Al2O3⋅6H2O (other calcium alumina hydrates are 

also possible but they are metastable with respect to hydrogarnet); 

− Portlandite (CH): Ca(OH)2 

− Gibbsite (AH3): Al(OH)3 

According to the stability field diagram corresponding to the system CaO–Al2O3–SO3–

H2O established by Hampson and Bailey (1983), ettringite increases its stability as the 

activity of sulphate also increases (Figure 13). The range of pH where this phase is 

stable widens as SO4
2–

 concentration grows up to a certain level in which high sulphate 

concentrations favours gypsum stabilization instead.  

 

Figure 13. Stability fields of compatible phases for the system CaO-Al2O3-CaSO4-H2O 

as a function of sulphate concentration and pH. Source: Hampson and Bailey (1983). 

 

Damidot and Glasser (1995a) conducted thermodynamic investigations of the same 

system at 25 °C and observed similar results to experimental data. They indicate that 

ettringite formation is compatible with all the phases, being only stable when sulphate 

concentration is between 0.015 and 15 mM. Below that range of concentration the 

stable phases are hydrogarnet, portlandite and gibbsite; whereas above that range the 

phases prone to form are gibbsite and gypsum (Figure 14 and Table 9). 
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Figure 14. 3D representation of the stability fields of compatible phases for the system 

CaO-Al2O3-CaSO4-H2O as a function of sulphate, aluminium and calcium 

concentration in solution. Source: Damidot and Glasser (1995). 

The same authors also studied the CaO-Al2O3-CaSO4-H2O system with different 

additions of Na2O. They observed that the presence of a cation other than calcium 

enables to have a greater concentration of soluble sulphate when aluminate 

concentration and pH are very low (Table 9). When Na2O concentration is increased 

from 0.025 to 0.125 M, the ranges of sulphate and aluminate concentrations are 

increased while that of calcium is reduced as observed in presence of Na2O 0.025 M. 

Table 9. Invariant points where ettringite is stable for the system CaO-Al2O3-CaSO4-

H2O with and without Na2O additions. Source: Damidot and Glasser (1995a). 

System 

Invariant point  

(Phases in 

equilibrium) 

Ca 

(mM) 

Al 

(mM) 

S(VI) 

(mM) 
pH 

CaO-Al2O3-CaSO4-H2O 

1.C3AH6-AH3-ett 

2.C3AH6-CH-ett 

3.gypsum-AH3-ett 

4.gypsum-CH-ett 

5.04 

21.25 

15.17 

31.30 

0.3860 

0.01 

0.001 

0.0003 

0.03 

0.015 

15.0 

11.4 

11.92 

12.52 

10.43 

12.47 

CaO-Al2O3-CaSO4-H2O 
+ Na2O 0.025 M 

1.C3AH6-AH3-ett 

2.C3AH6-CH-ett 

3.gypsum-AH3-ett 

4.gypsum-CH-ett 

0.425 

8.12 

11.12 

21.5 

1.84 

0.0134 

0.0143 

0.0007 

0.7 

0.04 

35.8 

20.78 

12.58 

12.71 

10.66 

12.57 

CaO-Al2O3-CaSO4-H2O 
+ Na2O 0.125 M 

1.C3AH6-AH3-ett 

2.C3AH6-CH-ett 

3.gypsum-AH3-ett 

4.gypsum-CH-ett 

0.05 

1.45 

10.29 

13.85 

9.545 

0.045 

0.042 

0.0007 

12.4 

0.8 

135 

91 

13.16 

13.23 

10.53 

12.79 

 

Variation of hydroxyl concentration is important and therefore alkali concentration is 

relevant as it contributes to OH
–
 content in cement porewaters. The stability field of 

ettringite at incremental Na2O concentrations is represented in Figure 15. The lower 

limit of pH is similar with or without Na2O and close to 10.5. This pH value is quite 

close to the value of 10.7 given by Gabrisova et al. (1991) for the minimal pH value at 

which ettringite is stable. On the contrary, the upper limit of pH increases with the 

increase of Na2O content and corresponds to the maximum pH value that can be 

reached by the system. Ettringite is stable on a wide range of pH but not for all 
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solutions having such pH; the composition of the solution should belong to the surface 

of equilibrium of ettringite. 

 

 

Figure 15. Range of pH at which ettringite can be stable depending on Na2O 

concentration. Source: Damidot and Glasser (1995a). 

 

The CaO-Al2O3-CaSO4-CaCO3-H2O closed system at 25 °C was also investigated 

through thermodynamic calculations by Damidot and Glasser (1995b). Eight 

isothermally invariant points were determined and eight stable phases were also defined 

in the system, i.e. ettringite, portlandite, gibbsite, gypsum, hydrogarnet, 

hemicarboaluminate, monocarboaluminate and calcite. In all of these points, ettringite 

resulted to be stable having a limiting carbonate concentration of 8.3910
–6

 M (Figure 

16). From this concentration upwards ettringite will decompose to form calcite, gypsum 

and gibbsite. Sulphate dissolved concentration promotes ettringite formation avoiding 

its decomposition to hemicarboaluminate or monocarboaluminate phases, the range of 

sulphate content in solution of which ettringite is stable stands between a lower limit of 

7.6010
–3

 mM and an upper limit of 15.2 mM. Under these circumstances, the range of 

pH where this phase remains stable is not too different from previously seen in the 

system CaO-Al2O3-CaSO4-H2O, i.e. 10.25 < pH < 12.52. 

 

 

Figure 16. Stability fields of compatible phases for the system CaO-Al2O3-CaSO4-

CaCO3-H2O as a function of sulphate and carbonate concentrations. Source: Damidot 

and Glasser (1995b). 
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Analysis of stability field of ettringite in a system containing silica (i.e. CaO-SiO2-

Al2O3-CaSO4-H2O) is detailed in section 0. 

C-S-H phases  

The term C-S-H phase comprises a group of more than 30 identified phases that are 

poorly ordered (Taylor, 2002). Due to the poorly crystalline structure of C-S-H gels, no 

real crystal substitution reactions can occur, however, its irregular stacking of the 

layers, each 10-100 nm, creates a large specific surface area available for sorption 

(Glasser, 1993). At C/S ratios > 1.2 these C-S-H gels are positively charged, and thus 

might have the potential to adsorb oxyanions. 

Structure and derived properties 

The structure of a C-S-H phase is amorphous in nature, but it can maintain to some 

extent a certain level of order within a short range. A successful structural model is 

based on Dreierketten, which consist on three silicate tetrahedra which are defined 

basing on the structure of 1.4-nm tobermorite (Figure 17). In this case two tetrahedra 

share two oxygen atoms with a Ca-O layer and are called “bridging tetrahedra”. The 

third tetrahedron shares only one oxygen atom with the Ca-O layer. Bridging tetrahedra 

may be missing and the periodicity of the building units is variable, these variations 

affect the composition of the solid, resulting in different calcium-to-silica ratios (C/S 

ratios are found to range from 3 to 0.6). In the model proposed by Taylor (1986), C-S-H 

structure was based on layers of 14-nm tobermorite (5-link chain) with jennite (2-link 

chain) placed the inter-layer, however, in a recent work by Grangeon et al. (2013), it 

has been proven that C-S-H structure remains based on tobermorite structure even at 

C/S ratio close or slighlty higher than that of jennite (Figure 17).  

 

Figure 17. Tobermorite and jennite layer structures. Interlayer water and calcium are 

omitted for clarity. Source: Grangeon et al. (2013). 

The large specific surface of C-S-H gels creates a strong potential for ion adsorption. 

Calcium-rich C-S-H has a positive surface area potential and tends to adsorb anions 

although it has been reported that the performance for trace elements adsorption is 

weak due to the strong interaction of highly abundant anions (e.g. OH
–
, SO4

2–
, Cl

–
) in 

cement pore water. On the contrary, the surface becomes negatively charged at C/S 

ratios below 1.2, thereby favouring cation adsorption. 

Nonetheless, adsorption is not the only mechanism of C-S-H gels for RN retention, 

incorporation into C-S-H structure from ion-exchange mechanisms may also be 

important under certain circumstances. Both substitutions for silicate and calcium, as 

well as adsorption to the large interlayer surfaces have been suggested by several 
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authors as the most relevant binding mechanisms of C-S-H gels (Beaudoin et al., 1990; 

Richardson and Groves, 1993; Pointeau et al., 2004; Tits et al., 2006; Papadokostaki 

and Savidou 2009). 

Stability fields 

Martínez-Ramírez and Blanco-Varela (2009) studied the thermodynamic stability of 

different hydrated phases of cement (C-S-H, gypsum, ettringite and Ca(OH)2) in the 

CaO-SiO2-Al2O3-CaSO4-H2O closed system at 25 °C, determining the range of several 

ion concentration and pH at which these phases are stable.  

The CaO-SiO2-Al2O3-CaSO4-H2O system is reported to have 12 stable phases at 25 °C:  

− C-S-H (C/S = 0.8): Ca0.8SiO2.8:H2O 

− C-S-H (C/S = 1.1): Ca1.1SiO3.1:H2O 

− C-S-H (C/S = 1.8): Ca1.8SiO3.8:H2O 

− H4SiO4 (SH) 

− Hydrogrossular with low Si content (HGSi low): Ca3Al2Si0.3O6.6·5.4H2O 

− Hydrogrossular with high Si content (HGSi high): Ca3Al2Si0.8O7.6·4.4H2O 

− Strätlingite (C2ASH8): Ca2Al2SiO7·8H2O 

− Ettringite (AFt): 3CaO⋅Al2O3⋅3CaSO4⋅32H2O 

− Gypsum: CaSO4⋅2H2O 

− Hydrogarnet (C3AH6): 3CaO⋅Al2O3⋅6H2O 

− Portlandite (CH): Ca(OH)2 

− Gibbsite (AH3): Al(OH)3 

Table 10 comprises the fifteen invariant points resulted from this system, as can be 

observed, there is no more than four compatible phases at each point. The C-S-H gel 

decomposes when sulphate concentration reaches 14.98 mM for the CaO-SiO2-CaSO4-

H2O system (Aguilera, 2003), whereas its stability increases up to [SO4
2–

] = 15.40 mM 

in the CaO-SiO2-Al2O3-CaSO4-H2O system, which indicates that the presence of 

aluminium produces a C-S-H stabilization with respect to sulphate concentration (Table 

10). In turn, the stability field of C-S-H gels increases in the presence of sulphates, 

being stable across a broader range of silicon concentrations (up to 3.87 mM) in the 

CaO-SiO2-Al2O3-CaSO4-H2O than in a sulphate-free system. It requires a higher 

calcium concentration though (i.e. 16.2 versus 5.74 mM in the absence of sulphates) 

(Martínez-Ramírez and Blanco-Varela, 2009). The pH in which C-S-H gels of different 

C/S are stable ranges from 12.47 to 9.75 (Table 10). 

With respect to ettringite, an analysis of system variation showed that this phase begins 

to stabilize when sulphate concentration reaches 7.6410
–3

 mM, being the only stable 

sulphate-containing phase until the concentration is of about 1.2310
–2

 mM, when 

gypsum also precipitates (Table 10). For high sulphate concentrations, 15.4 > [SO4
2–

] > 

12.3 mM, compatible ettringite and gypsum appear in four invariant points where low 

aluminium and high calcium or silicon concentrations are present (up to 1.38 mM of 

this latter phase) (Martínez-Ramírez and Blanco-Varela, 2009). 
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Table 10. Invariant points for the system CaO-SiO2-Al2O3-CaSO4-H2O. Source: 

Martínez-Ramírez and Blanco-Varela (2009). 

Invariant point  

(Phases in equilibrium) 

Ca 

(mM) 

Si 

(mM) 

Al 

(mM) 

S(VI) 

(mM) 
pH 

1. C3AH6-ett-HGSi low-CH 20.4 0.00169 0.01 0.00764 12.47 

2. CSH1.8-ett-HGSi low-CH 20.4 0.00249 0.00946 0.00794 12.47 

3. CSH1.1-CSH1.8-ett-HGSi low 17.9 0.00366 0.0121 0.0086 12.42 

4. C3AH6-ett-AH3-HGSi low 5.56 0.000383 0.372 0.0112 11.95 

5. CSH1.1-ett-HGSi high-HGSi low 6.87 0.0167 0.115 0.0147 12.05 

6. C2ASH8-ett-AH3-HGSi low 4.96 0.00686 0.333 0.0158 11.91 

7. C2ASH8-ett-HGSi high-HGSi low 5.65 0.0135 0.205 0.0158 11.97 

8. C2ASH8-CSH1.1-ett-HGSi high 5.84 0.0224 0.153 0.0177 11.98 

9. C2ASH8-CSH1.1-ett-AH3 2.76 0.0988 0.178 0.11 11.64 

10. CSH0.8-CSH1.1-ett-AH3 5.74 1.00 0.02 4.99 10.68 

11. CSH1.8-ett-gyp-CH 31.7 0.00231 1.34E-7 12.3 12.43 

12. CSH1.1-CSH1.8-ett-gyp 29.5 0.00335 1.85E-7 12.5 12.37 

13. CSH0.8-AH3-gyp-SH 16.2 3.87 0.00249 15.2 9.75 

14. CSH0.8-CSH1.1-ett-gyp 16.0 0.782 0.00173 15.4 10.54 

15. CSH0.8-ett-AH3-gyp 16.0 1.38 0.00734 15.4 10.22 

 

Data from analogues of hydrated cementitious phases  

Dissolution–precipitation rates 

The binding of RN can occur by ion exchange, by adsorption-desorption, or, in the case 

of ion substitution, by dissolution-precipitation processes. The rates of these different 

processes vary from one another, i.e. ion exchange and adsorption-desorption reactions 

usually occur within minutes to hours (Keller, 2002); in contrast, dissolution-

precipitation processes tend to be much slower. According to these considerations, 

known dissolution-precipitation rates would be a helpful tool to obtain a better 

interpretation of data obtained from sorption studies. In this framework, Keller (2002) 

investigated the dissolution and precipitation behaviour of pure ettringite, 

monosulphate and C-S-H(I) phases at saturation, the results are listed in Table 11. 

According to the author, dissolution-precipitation rates obtained for ettringite and 

monosulphate can facilitate the distinction of ion substitution in sorption studies from 

comparably fast reactions, such as surface complexation and ion exchange. The case of 

C-S-H(I) resulted to be different because of its semi-crystalline structure and its 

variable C/S ratio without changing the main structure or properties. This structural 

flexibility has been shown to allow the incorporation of Zn
2+

 into interlayers or internal 

surfaces without Ca
2+

 release, at a slow, diffusion controlled rate (Ziegler et al., 2001). 

Such a diffusion process would be difficult to discern from the dissolution-precipitation 

reaction rate for C-S-H(I). 
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Table 11. Determined tracer uptake rates (ki,2) and dissolution-precipitation rates (ki,1) 

at first (1) and second (2) series of experiments. Source: Keller (2002). 

Phases  i 
Ki,2 

(10–3 d–1) 

log ki,1 

(mol/m2s) 

Ettringite Ca(1) 3.26 -12.15 

 Ca(2) 6.60 -11.86 

 SO4(1) 9.38 -11.65 

 SO4(1) 3.25 -12.12 

Monosulphate Ca(1) 5.31 -11.17 

 Ca(2) 4.65 -11.23 

C-S-H(I) Si(2) 3.23 -11.56 

 

It is important to note that for a contaminant to be built into a crystal structure as a 

consequence of dissolution-precipitation processes, the resulting mineral must be 

thermodynamically more stable than the original cement mineral. Therefore both 

kinetic and thermodynamic approaches must be considered for each contaminant 

species in order to understand its binding mechanism. 

Cementitious phases substituted with other anions 

Substitution of Cr(III) for Al(III) and CrO4
2–

 for SO4
2–

 in the ettringite structure has 

been widely studied and resulted to be an important way of chromium immobilization 

in alkaline environments (Kumarathasan et al., 1990; Poellman et al., 1993; Myneni, 

1995; Palmer, 2000; Chrysochoou and Dermatas, 2006). In this context, Perkins (2000) 

investigated ettringite and its chromium analogues to determine the solubility product 

(KSP) and thermodynamic properties via dissolution and precipitation experiments 

between pH 10 and 13. The solubility product and free energy of formation for 

Ca6[Al(OH)6]2(CrO4)3·26H2O were calculated to be log KSP,298 = –41.46 ± 0.30 and 

ΔG°f,298 = −15130 ± 19 kJ/mol. Obtained and calculated results are comprised in Table 

12. 

Likewise, Perkins (2000) studied the solubility of monosulphate (AFm) analogue in 

order to determine its solubility product and associated thermodynamic properties as a 

way to obtain information concerning Cr retention in mature cements (in absence of 

ettringite). The solubility product of 3CaO·Al2O3·CaCrO4·15H2O at 25 °C was 

calculated to be –30.38 ± 0.28. The whole set of results for monochromate is listed in 

Table 12.  

Table 12. Measured and calculated thermodynamic data of 

Ca6[Al(OH)6]2(CrO4)3·26H2O and 3CaO·Al2O3·CaCrO4·15H2O at 25 °C. Source: 

Perkins (2000). 

Phase 
Log 

KSP 

ΔHf⁰ 

kJ/mol 

ΔGf⁰ 

kJ/mol 

Sf⁰ 

J/molK 

ΔHr⁰ 

kJ/mol 

ΔSr⁰ 

J/molK 

Ca6[Al(OH)6]2(CrO4)3·26H2O 
–41.46  

± 0.30 

-17330  

± 15 

−15131  

± 19 

2190 

± 110 

77.5 

± 9.5 

-533  

± 87 

3CaO·Al2O3·CaCrO4·15H2O 
–30.38 

± 0.28 

–11303 

± 8.3 

–9905 

± 16 

1439  

± 89 

39.1 

±3.2 

450  

± 10 

 

Kindness et al. (1994) prepared a Mo analogue of the AFm phase by reacting C3A and 

CaMoO4(s) in distilled water at 25 °C for 5 days. Identified phases were 
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Ca3AI2O6CaMoO410H2O and Ca3AI2O6CaMoO414H2O, which the X-ray pattern of 

the 10-hydrate phase was reported to be similar to AFm pattern. According to the 

authors, Mo-AFm phase dissolves incongruently since the sulphate concentration was 

approximately two orders of magnitude lower than the expected from congruent 

dissolution. The solubility was determined to be Ca = 5.02 mM, Al = 3.09 mM, Mo = 

0.101 mM and pH = 12.19. Cornelis et al. (2008) used these data to calculate Mo-AFm 

solubility product (log KSP (Ca4[Al(OH)6]2MoO4) =  71.66) which results to be lower 

than the ones corresponding to Se-AFm (73.40 – Baur and Johnson, 2003) and SO4-

AFm included in TC (73.70 – Blanc et al., 2010). 

In the study performed by Zhang (2000) on the behaviour of B, Cr, Mo and Se in pure 

ettringite- and hydrocalumite-water systems, residual solution concentration of all 

oxyanions were below detection limits after incorporation into  hydrocalumite, and the 

B concentration were below detection after incorporation into ettringite. The anion 

preference by the latter resulted to be B(OH)4
–
 > SeO4

2– 
> CrO4

2–
 > MoO4

2–
, being 

molybdate anion the least preferred by ettringite to uptake. 

Additionally, Zhang (2000) synthesised different hydrocalumite solid solutions to 

investigate the effect of those oxyanions on mineral phase solubility and stability in the 

system CaO-Al2O3-XO3/Y2O3-H2O (where X = Cr(VI), Mo(VI), Se(VI); Y = B(III)). 

The results indicate that, with the exception of molybdate, all the solid solutions 

containing different anions showed similar trend, i.e. hydrocalumite is the dominant 

phase throughout the whole set of solid solutions. At low anion content solid solution, 

hydrogarnet and portlandite (only if sulphate is present) are also found; however, with 

increasing anion concentration hydrocalumite gains domain. Only at higher anion 

content, ettringite forms alongside hydrocalumite as the only phase assemblage (not in 

the case of Se, where HG and CH coexist with HC and Ett). 

Clear differences where reported for molybdate solid solution: 

i. Hydrogarnet persists the entire solid solution series regardless Mo(VI) 

concentration. 

ii. Powellite (CaMoO4(s)) is identified on most of the samples. 

iii. Although the presence of molybdate in the structure favours hydrocalumite 

stabilization, the stability field of this solid solution is much more limited than 

with other oxyanions. 

The results of this study on Mo showed that large quantity of MoO4
2–

 is needed (over 

80%) to form a stable solid solution. Zhang (2000) attributed this to the incompatibility 

between molybdate and hydroxyl anions plus the presence of powellite. As a result, 

high amount and persistence of hydrogarnet take place in the system. Due to the low 

solubility of powellite, the initial precipitates consist of OH-rich solid solution. If 

molybdate does not enter the structure to stabilize OH-hydrocalumite, this phase 

eventaully turns into hydrogarnet. Once this phase is formed, the unreacted powellite is 

less prone to give rise to Mo-hydrocalumite. And a long-term condition is then 

maintained. 

From these results, free energy of formation was determined for borate hydrocalumite 

end-member (Ca4Al2(OH)12(HBO3)5.5H2O - ΔG°f,298 = −7750.42 ± 1.20 kJ/mol) as 

well as for borate ettringite (Ca6Al2(OH)12(B(OH)4)4[OH]224H2O - ΔG°f,298 = 

−17408.22 ± 4.34 kJ/mol). Thermodynamic data for the rest of oxyanions was not 

possible to determine due to the presence of immiscible solid solutions (Zhang, 2000). 



 

56 

 

Calculation of distribution ratios 

Figure 18 shows calculated kinetics and distribution ratios from solubility experiments 

carried out by Kindness et al. (1994). As can be observed, Rd resulted to be higher 

when higher molybdenum concentration has been used, and it increases with time in all 

the three cases, although the increase is more pronounced for the cases with higher Mo 

initial concentration. 

 

Figure 18. Molybdenum calculated Rd in cement versus contact time from data reported 

by Kindness et al. (1994). Circles correspond to initial Mo concentration in ppm. 

 

At maximum contact time (25 days), calculated distribution ratios are 29, 62 and 

129 l/kg for 500, 1000 and 2000 ppm Mo solutions, respectively. These data is in 

agreement with the results obtained by Kato et al. (2002) on hydrated Ordinary 

Portland Cement (OPC) for low Mo concentrations (Table 13). 

 

Table 13. Comparison between Rd obtained by Kato et al. (2002) and calculated Rd 

from data reported by Kindness et al. (1994) 

Distribution ratio - Rd 

(l/kg) 

Calculated 

from  

Kindness et al. 

(1994)  

Kato et al. 

(2002) 

Initial [Mo] (ppm)  Low [Mo] 

500 29 

30-100 1000 62 

2000 129 

 

These values are higher than the ones attained by Ochs et al. (2016) (Table 8) and 

chosen by Skagius et al. (1999) in accordance with actual measurements made by 

Holgersson and Albinsson (1999), which are 3 and 6 l/kg respectively. 

Zeta potential of cementitious systems 

Surface charge of a solid phase may influence in a great extent the interactions that 

occur between the solid surface and the surrounding species in solution. Zeta potential 

(ζ ) measurements are then of great importance for the study of surface properties and 

adsorption on solid materials. Cement produces a colloidal suspension when contacts 
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water, where electrostatic repulsion forces take place between electrically-charged 

cement particles. As a result of chemical cement composition in water, system charge is 

positive mainly due to Ca
2+

 ions located in the surface, which attract opposite charge 

ions forming a counter-ion layer around the particles called “Stern layer” (Figure 19). 

Counter-ion concentration is higher at the surface and decreases inwards the liquid. 

Inversely, co-ion concentration increases inwards the liquid and decreases at the 

surface. All these colloids are distributed at different levels forming the “Diffuse layer” 

(Figure 19). Both layers constitute the so-called “double layer” which thickness 

depends on type and concentration of ions in solution (Moreno, 2005). Solution ionic 

strength, pH and the concentration of adsorbed ionic species will determine particle 

superficial charge. 

 

 

Figure 19. Representation of a charged particle and distribution of surrounding ions. 

Source: Liese and Hilterhaus (2013) 

As the main phases of hydrate cement pastes, the ζ of calcium silicate hydrates (C-S-H) 

has been the focus of numerous studies (e.g. Nachbaur et al., 1998; Viallis-Terrisse et 

al., 2001; Pointeau et al., 2006). The ζ values of C-S-H decrease with the pH or calcium 

concentration of the equilibrium water, in fact, Nachbaur et al. (1998) reported an 

isoelectric point (IEP) for Ca (2-410
−3

 M) and observed no variation with increased 

NaOH concentration in solution, which pointed out the strong dependence of system ζ 

on Ca content. These results are in agreement with the ones obtained by Viallis-Terrisse 

et al. (2001), who found the same IEP for Ca and no modification of this point was 

observed for lithium and sodium chlorides (Figure 20). Only a slight displacement of 

the isoelectric point was evidenced with CsCl which resulted in a decrease in zeta 

potential for a given value of calcium activity. 
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Figure 20. Evolution of the zeta potential as a function of calcium activity in the 

solution. Source: Viallis-Terrisse et al. (2001) 

Two equilibria was proposed by Viallis-Terrisse et al. (2001) and Pointeau (2000) to 

represent the evolution of the C-S-H surface chemistry, and the surface charge of the C-

S-H has been considered as the result of the ionization of silanol sites, mostly through 

deprotonation (eq. 12) as well as by the sorption of Ca
2+

 on the silanol sites (eq. 13): 

>SiOH  >SiO
–
 + H

+
     eq. 12 

>SiOH + Ca
2+

  >SiOCa
+
 + H

+
     eq. 13 

According to these authors, the speciation of the C-S-H silanol sites will be dominated 

by >SiO
–
, >SiOH, and >SiOCa

+
 surface complexes. 

Experimental investigations on the potential of the cement surface were conducted by 

Pointeau et al. (2006) from fresh states (with high pH) to highly degraded states (with 

pH close to 11). They observed two different situations: (i) an increase of surface 

potential from negative to positive values at pH between 13.3 and 12.65 (pH buffered 

by portlandite) and (ii) a decrease of surface potential from positive to negative values 

when portlandite is totally dissolved and C-S-H phases begin to be leached out from the 

HCP (Figure 21). The ζ values obtained in this second pH range were in agreement 

with the ones reported by Viallis-Terrisse et al. (2001) for C-S-H (data included in the 

figure), which led them to conclude that, in this range of degradation state, the 

contribution of the surface charge of the C-S-H imposes the actual ζ values of the whole 

HCP system. 

As a result, two IEPs were evidenced which coincided to pH close to 12.9 and 11.7 

(Figure 21). These points define three areas of pH wherein different surface complexes 

dominate: 

− 13.3 > pH > 12.9      >SiO
−
 

− 12.9 > pH > 11.7      >SiOCa
+
 

− 11.7 > pH > 11.0      >SiOH  and >SiO
−
 

In general, no remarkable differences were observed between the two type of cement 

tested, the ζ evolution of CEM-V and CEM-I show both negative and positive zeta 

potential along the pH (degradation process). The main cement phases such as C-S-H 

and ettringite show a positive zeta potential over a wide range of pH which indicates 

these phases might fix to some extent molecules negatively charged (Figure 21). 
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Calcium concentration is controlled by portlandite or C-S-H solubility, and has a direct 

influence on the concentration of calcified surface sites of C-S-H (>SOCa
+
), which can 

bring positive charge in addition of the deprotonated surface sites (>SO
−
).  

 

Figure 21. Evolution of the ζ potential of CEM-I and CEM-V HCP as a function of pH. 

The measured ζ values of portlandite (CH) and ettringite (AFt) show the possible 

contribution of secondary cementitious phases in the value of degraded HCP surface 

potentials. Source: Pointeau et al. (2006) 

Selection of C/S ratios for C-S-H phases 

The alteration of the cementitious materials has been repeatedly performed in 

laboratory experiments by several authors (e.g. Flint and Wells (1934); Greenberg and 

Chan (1965); Harris et al. (2002); Chen et al. (2004)). In general, there is a rather 

similar dependence between the pH of pore water and the C/S ratio of the hydrated 

calcium-silicate phases (Figure 22). The C/S ratio decreases as the C-S-H is 

progressively replaced by Si-enriched phases since C-S-H dissolution is clearly 

incongruent. In the initial stages, the cement alteration is limited to portlandite 

dissolution as pure phase or as a Ca(OH)2 hypothetical end-member of C-S-H phases. 

In the latter case, the loss of calcium results in the formation of new C-S-H with lower 

Ca/Si ratio.  

From the data reported by Harris et al. (2002) and taking into account the IEP at pH = 

11.7 determined by Viallis-Terrisse et al. (2001) and Pointeau et al. (2006) for C-S-H, a 

range of calcium-to-silica ratio can be established in which zeta potential is close to 

zero. From this range, two C/S ratios can be defined so that to obtain two C-S-H phases 

controlled by different surface complexes and thus with different surface charge. 

According to this, and assuming this range of C/S ratio covering from 0.87 to 1.0 

(Figure 22), two C-S-H phases are suggested to be studied as they will show clear 

opposite ζ values:  

1. C-S-H gel with C/S ratio of 0.8 

2. C-S-H gel with C/S ratio of 1.1 

Once two C/S ratios has been acquired as a function of their apparent charge, the role of 

surface area with regards to molybdate retention in comparison with zeta potential in C-

S-H phases can be investigated. 
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Figure 22. Evolution of the C-S-H composition with respect to pH variation from 

reported experimental data. Source: Harris et al. (2002). Dashed lines determine the C/S 

ratio range at given pH value of 11.7. 

 

Concluding remarks 

 Molybdenum has a strong capacity to form complex poly-anions, although it is 

assumed that the principal Mo species existing in alkaline solution is the simple 

molybdate anion (MoO4
2–

). 

 Being negatively charged, this anion has been reported as non-sorbing in many 

studies which can be considered as solely conservative assumptions. 

 The great thermodynamic stability of molybdate anion as well as its high mobility 

in alkaline waters makes its immobilization an avoidable challenge to pursue. 

Ettringite and monosulphate have been initially shown to be important cement 

constituents for the immobilization of oxyanions.  

 Solid solution formation with ettringite in cement can be undergone through partial 

or full replacement of sulphates by anions of similar geometry and charge. 

 Differences in size and charge between sulphate and substituting oxyanions are the 

major factors determining the extent of the uptake, so the incorporation of 

molybdate anion with dissimilar size (ionic radii of S is 0.29 Å while Mo is 0.62 

Å) and electronegativity is reported to be low or non-existent. 

 Ettringite-SO4 formation is highly favored over other different oxyanion-

substituted ettringites even when these ones have been already formed. 

 Monosulphate (as a SO4-hydrocalumite) has unique structural characteristics which 

enable it to accommodate anions of various sizes. 

 The mechanism is similar to ettringite, i.e. sulphate in the interlayer of 

monosulphate can be replaced by oxyanions, however differences in ionic size 

between SO4
2–

 and a substitution anion is not a controlling factor of the extent and 

preference for oxyanion incorporation.  

 Although more scarcely studied than ettringite, several studies found in the 

literature point to monosulphate as the prevailing host mineral at pH > 12, 

indicating that it is capable to exert oxyanion solubility control to lower levels than 

substituted ettringite. 
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 While ettringite and monosulphate may serve as viable mechanisms for oxyanion 

immobilization, several factors have to be considered though when the formation 

of these phases is proposed to be the main immobilization factor of oxyanions as 

their stability depends on several physico-chemical conditions, such as pH, 

temperature, presence of sulphate and other competing anions, among others. 

 There are studies showing that C-S-H phases can immobilize oxyanions (CrO4
2–

 

and AsO4
3–

) by replacing silicate in its structure, these experimental data suggest 

that these phases could also be an important sink for molybdate. 

 Zeta potential can be an important factor limiting the extent and mechanism of 

molybdate-C-S-H binging. In this context, two C-S-H phases with C/S ratio of 0.8 

and 1.1 has been suggested to be studied as they show clear opposite ζ values. 

 There is a lack of thermodynamic parameters which difficult the development of 

efficient models to predict molybdenum behaviour at repository conditions. 

 In order to feed geochemical databases with new relevant datasets, experimental 

activities must be conducted to provide reliable thermodynamic data from Mo 

analogues as well as to acquire information on sorption/desorption capacities under 

different but representative conditions. 
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Abstract 
In relation with the Czech program of radioactive waste disposal the two cements of 

CEM II grade were chosen for studying. Both materials have been evaluated by 

standard and also advanced methods. The obtained characteristics of selected cements 

are quite different. All methods used for characterization of cements have not been 

applied to both materials yet. A system consisting of crushed hydrated cement paste 

(CEM II / A-S 42.5), its leachate obtained at the phase ratio m/V = 0.2 kg/L (with the 

natural concentration of Sr 3.5×10
-4

 mol/L), and a radioactive tracer 
85

Sr was studied 

in order to understand the interaction of hydrated cement with Sr as an analog of Ra. 

In a wider range of phase ratio, the equilibrium of tracer, described by means of 

distribution coefficient Kd, was reached after approx. 2 days. The value of distribution 

coefficient for m/V ratio in the interval of (0.01, 0.1) kg/L was constant, while for 

higher values of m/V Kd increased linearly. This effect may be connected with the fact 

that the hydrated cement paste contains strontium and that the equilibrium 

concentration of Sr in both liquid and solid phases belonging to this “exchangeable Sr” 

could be influenced by conditions of the experiments. 

Introduction 
A significant part of low and intermediate radioactive wastes containing radium is 

stored in Czech Republic in the repository Bratrství. This repository is running out of 

space and will be closed in the near future. It is important to provide safety studies, 

collect necessary parameters and check safety of the repository before its closure. As 

barriers in this repository are based on cementitious materials and 
226

Ra is there the 

main contaminant of interest, SURAO (the Czech Radioactive Waste Repository 

Authority) aims to study systems radium – hydrated cement materials. 

As there are not many studies available dealing specifically with radium and all the 

necessary techniques are not at hand yet, we decided to perform an introductory 

methodological study with strontium, which could be considered chemically similar to 

radium. This approach corresponds with that of other laboratories (e.g. Berner 2002, 

Tits et al. 2006). Our aim is to gain experience and knowledge about optimal 

experimental conditions and procedures while working with hydrated cement pastes 

and about the description of interaction of radionuclides with cementitious materials, 

which is necessary in modeling of radium transport in the repository environment. 

Two cements of CEM II grade, A: CEM II / A-S 42.5 R (produced by Lafarge Cement, 

a. s.) and B: CEM II / B-M (S-LL) 32.5R (produced by Českomoravský cement, a. s. - 

HeidelbergCement Group) were chosen for the study, based on recommendations of 

SURAO. The first cement (A) is made, according to an information of the producer, by 

grinding together silicate clinker, blast furnace granulated slag and gypsum. Slag 

adjusts the cement blend and decreases hydration heat and its cement content is max. 

mailto:barbora.drtinova@fjfi.cvut.cz
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20%. Gypsum acts as a regulator preventing cement flash setting. The second cement 

(B) is Portland composite cement of the strength class made of clinker, granulated blast 

furnace slag (approx. 15 %), of limestone (approx. 12 %) with low TOC content and 

anhydrite as retarder.  

Both materials have undergone testing by instrumental methods available in our 

laboratory (determination of density and specific surface area, FTIR, XRD, AAS) and 

part of the results of this work became the basis for a bachelor thesis (Kittnerová 2015). 

With the hydrated cement paste of cement A, a preliminary study of the interaction 

using 
85

Sr tracer was carried out. 

Experimental 

Materials and methods 

Preparation of cement pastes 

Cement A was used for preparation of cement blocks with water/cement ratio w = 0.667 

with time of hydration 19 days in co-operating laboratory in ÚJV Řež. A relatively 

short time used for hydration was chosen according to the demands of other types of 

experiments that were planned to be accomplished. Blocks of cement paste from 

cement B were prepared with water/cement ratio w = 0.667 (a mixture of water and ice 

was used), time of hydration in humid atmosphere was almost 3 months.  

For some experiments performed in our laboratory the blocks of hydrated cement paste 

were crushed and sieved. The fraction < 0.71 mm was used for interaction experiments 

and for some characterizations (determination of density and specific surface), larger 

pieces and blocks were applied by leaching and IR spectroscopy.  

Characteristics of cement pastes  

Simple methods 

Values of density of hydrated cement determined by pycnometric method on crushed 

materials were 2177 ± 44 kg/m
3
 for cement A and 1998 ± 29 kg/m

3
 for cement B (the 

presented uncertainty represents in the all text an estimate of the standard deviation). 

The rapid dynamic flow method for determinations of single-point B.E.T. 

(Quantachrome Monosorb MS-22 device) was utilized to measure specific surface 

areas of both materials. Obtained values were 20.1 ± 0.3 m
2
/g and 48.5 ± 0.3 m

2
/g for 

cements A and B, respectively. Significant differences between studied cement 

materials in both characteristics need a thorough check of the laboratory procedures and 

further discussion that will include a comparison with literature data. 

Instrumental methods 

FTIR spectra were measured by Nicolet iS 50 FT-IR spectrometer by Attenuated Total 

Reflection (ATR) technique in the scan range of 400 – 4000 cm
-1

 for two blocks of 

cement B. One of these blocks (sample W) was placed for 3 months in a closed vessel 

submerged in distilled water (cement-to-water ratio was 0.1 kg/L), the second one 

(reference sample R) was left dry in sealed flask with no contact with liquid phase. 

From results on Figure 1 it can be seen that leaching of hydrated cement caused only 

very small change of FTIR spectrum. 

An attempt of the interpretation of the character of obtained spectra, based on the 

database of the device, is presented in Table 1. 



 

69 

 

 

Figure 1  FTIR spectra of two cement blocks (cement B),   

W: contact with water for 3 months, R: no contact with water 

Table 1  Possible assignment to some peaks observed in FTIR spectra 

Wave number [cm
-1

] Vibration Compound 

3600 – 3300 (OH) H2O or Ca(OH)2 

1414 (CO3)
2-

 CaCO3 

1100 – 950 (OH) and (Si-O) Ca(OH)2 and SiO2 

870, 420, 300, 250 (CO3)
2-

 CaCO3 

650 (Si-O) SiO2 

450 Ca-Si x 

 

Figure 2  XRD spectrum of the hydrated cement A 

Both cementitious materials (cement A and cement B) were tested by X-ray diffraction 

(Rigaku Mini Flex 600). As an illustration, XRD spectrum of cement A is presented on 

Figure 2. The comparison of measured spectrum with database ICDD PDF-2 (version 

2013) of the measuring system enabled to identify four mineral phases, namely calcite 
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CaCO3, portlandite Ca(OH)2, hydrotalcite Mg6Al2CO3(OH)16·4(H2O) and ettringite 

Ca6Al2(SO4)3(OH)12·26H2O. 

It should be noted here that in XRD spectra of cement B (samples W and R) only calcit 

and portlandite were identified. From a comparison of spectra of samples R and W 

could be proved that the content of Ca(OH)2 (portlandite) decreased significantly in the 

bulk of the cementitious block by leaching of hydrated cement in water.     

Sorption experiments with 85Sr 

Preparation of working solution 

With the aim to prepare a working solution the influence of which on solid phase by 

sorption experiments would not be important the crushed hydrated cement A was 

contacted with distilled water for 1 month (solid-to-liquid ratio equaled to 0.2 kg/L). 

The concentrations of important cations determined by AAS (Varian AA 240 FS) in 

this leachate (pH = 12.8) are presented in Table 2. In comparison, there are also 

presented concentrations of cations in leachate of hydrated cement B (pH = 12.2) that 

originated during the preparation of the sample W mentioned above. 

Table 2  Concentrations of important cations in leachates of hydrated cements A and B 

cation 

cement A, V/m = 0.2 kg/L, 

contact time 1 month 

cement B, V/m = 0.1 kg/L 

contact time 3 months 

C [mmol/L] σC [mmol/L] C [mmol/L] σC [mmol/L] 

Na
+
 5.88 0.01 1.37 0.04 

K
+
 23.8 0.3 4.08 0.05 

Ca
2+

 13.5 0.1 3.1 0.2 

Mg
2+

 0.0016 0.0002 ˂ 0.001 

Sr
2+

 0.350 0.002 n.d. 

Kinetic experiments 

Crushed hydrated cement A (diameter of grain ≤ 0.71 mm) was contacted with cement 

leachate in a set of kinetic experiments. Monitored element was strontium traced by 

radioactive isotope
 85

Sr (added as SrCl2, its activity measured by Na(I)Tl detector, of 

molar concentration equal to 1∙10
-7 

mol/L). The change of 
85

Sr activity caused by the 

radioactive decay was eliminated in the way of evaluation of results of experiments. 

Solid-to-liquid ratio (m/V) was in the range from 0.033 (1:30) to 0.33 (1:3) kg/L. As the 

total Sr concentration was not measured during the experiments, the uptake of 
85

Sr is 

presented in Figure 3, in which the results of this study is described.  

The observed kinetics of 
85

Sr uptake was relatively fast – after 2 days equilibrium for 

all phase ratios was reached. So the duration of each experiment in the subsequent set 

of equilibrium experiments was set to 4 days.  

Equilibrium experiments 

A broad set of equilibrium experiments was performed in which the initial total 

concentration of strontium in the liquid phase was changed from 0.35 to 1 mmol/L, 
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Figure 3  Kinetics of the 
85

Sr uptake on the hydrated cement A 

while the concentration of Sr in the leachate used as the basic component of the 

working solution was taken into account. Experiments were carried out for 6 different 

m/V ratios (from 1:100 to 1:3). The distribution coefficient Kd, obtained from the 

balance evaluation of 
85

Sr activity in the liquid phase, as the measure of the 
85

Sr, uptake 

was used. No influence of the total initial concentration on the 
85

Sr uptake was 

observed, but the spread of results obtained for different initial concentrations enabled 

to describe the uncertainty of determined Kd values by standard deviation. 

 

Figure 4  Dependence of determined Kd values describing 
85

Sr uptake on hydrated 

cement A on the phase ratio m/V 

The obtained results are presented in Figure 4. The increase of Kd values with 

increasing phase ratio m/V is evident. This trend is unexpected if the ion-exchange 

would be taken into account as an important mechanism of the uptake, as stated e.g. 

Wieland et al. 2008. In our last study (Vopálka et al. 2015) we reported, for the 

description of Cs sorption on bentonite, the opposing trend and the description of 

sorption equilibrium with the use of ion-exchange mechanism was successful in this 

case. The presence of Sr in both working solution and solid phase at the beginning of 

sorption experiment changes the standard procedure of sorption experiments 

evaluation. The so-called exchangeable Sr in the solid phase could be dependent on the 
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composition of the liquid phase that varies with m/V ratio. We expect that the 

determination of the exchangeable Sr in a further research will help with the 

interpretation of the observed trend of Kd. 

Conclusions 
Hydrated cement pastes from two different cements considered in the Czech program 

of disposal of ILW were tested by techniques available in the laboratory of Department 

of Nuclear Chemistry, CTU in Prague. One of the cement, namely CEM II / A-S 42.5 R 

was selected for an introductory study of 
85

Sr uptake on crushed hydrated cement. The 

leachate of hydrated cement (m/V = 0.2 kg/L, pH 12.8) containing Sr in a significant 

concentration was used as the base for both kinetic and equilibrium experiments. The 

equilibrium was attained in approx. 2 days in kinetic experiments. An unexpected trend 

of measured distribution coefficient Kd of 
85

Sr, in which the Kd values were higher for 

higher values of m/V ratio, was supposed to be connected with the influence of m/V and 

initial composition of liquid phase on the equilibrium concentrations in both liquid and 

solid phases. As Sr and Ra are similar to some extent, the performed study of Sr uptake 

will help us with the planned study of Ra uptake on the same material.  
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Introduction 

In Romania, the long-lived radioactive waste (LL-ILW) and CANDU spent fuel are 

foreseen to be disposed of in a future geological repository.  

The main source of Carbon-14 in the LL-ILW to be disposed of in the Romanian 

geologic repository is the spent ion exchange resins generated mainly in the Moderator 

System and in the Primary Heat Transport System of the two CANDU units of 

Cernavoda NPP. The dominant Carbon-14 species in spent ion exchange resins is 

inorganic carbonate 
14

CO3
2-

 and more than 90% of Carbon-14 is bound on the anion 

resin fraction (Park et al., 2008).  

Other LL-ILW to be geological disposed of consists in the pressure tubes and calandria 

tubes that could contain Carbon-14 both as inorganic and organic species.  

226
Ra is one of the major daughter nuclides of the 

238
U that could be found in the fuel-

contact spent ion exchange resins but also in other waste streams. 

In form of dissolved carbonate or bicarbonate, inorganic Carbon-14 is strongly 

immobilized in cemented waste forms. Under strongly alkaline conditions, the 

dominant species of inorganic Carbon-14 is 
14

CO3
2-

. The carbonate ions can either 

precipitate as CaCO3 or sorb onto cement phases.  

Information on the speciation of Carbon-14 associated with organic compounds which 

might be released from the various waste forms, and their potential immobilization by 

cementitious materials is limited.  

Literature data regarding Ra(II) sorption on fresh and aged HCP show that distribution 

coefficient is less than 0.1 m
3
/kg for fresh HCP and less than 0.4 m

3
/kg for aged HCP. 

The uptake of Ra by HCP could be interpreted in terms of Ra binding to C-S-H phases.  

There is reported in the literature results of numerous studies on C-14 sorption on 

hardened cement paste and mortars and some on Ra-226 sorption. Experimental data 

regarding the effect of the cement degradation in the disposal conditions on 

radionuclide sorption are scarce and the experiments to be carried out in RATEN ICN 

in the frame of CEBAMA WP2 will be specifically oriented to assess the influence of 

HCP degradation on C-14 and Ra-226 sorption. 

mailto:crina.bucur@nuclear.ro
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14C sorption on hardened cement paste and mortars 
 

A number of studies have investigated the sorption of Carbon-14 (both in inorganic and 

organic forms) in cementitious materials. 

In its review article Evans (Evans, 2008) states that inorganic C-14 sorption by 

cementitious materials can be roughly divided into two reactions; (i) adsorption onto a 

positive site and (ii) precipitation. 

Isotopic exchange with solid CaCO3 in cement paste is expected to control the 
14

CO3
2-

 

retention in cement paste (Bradbury and Sarott, 1994) but the extent of removal of 
14

CO3
2-

 is very dependent on the particular cement/concrete system in question. 

Wieland (Wieland, 2014) noted that CaCO3 precipitation also occurs at the interface 

between the cementitious near field and the host rock due to diffusion-controlled 

mixing of Ca rich pore water emanating from the alkaline near field and CO3
2-

 rich pore 

water intruding from the host rock formation.  

The experimental results obtained by batch sorption experiments and zeta potential 

measurements (Noshita et al, 1995) suggested that inorganic Carbon-14 (CO3
2-

) is 

adsorbed onto the cement surface by an electrostatic force, due to the reaction between 

SiO2 and CaO contained in the cementitious composition. The 
14

CO3
2-

 distribution 

coefficient (Kd) was increased from 2,000 to 7,000 ml/g by adding SiO2 to the 

Ordinary Portland Cement (OPC). 

In a study performed by Matsumoto et al. (Matsumoto et al., 1995) on inorganic and 

organic Carbon-14 sorption on mortar the authors concluded that in the mortar-sodium 

carbonate system, the sorption ratio of inorganic Carbon-14 is high until mortar is 

completely carbonated because of the high Ca
2+

 content in the mortar and the low 

solubility of calcite. In the mortar-organic carbon system (CH3
14

COONa and 
14

CH3
14

CHO were used as organic Carbon-14), the soluble organic Carbon-14 is hardly 

sorbed on the mortar surface, and consequently the cementitious material may not 

inhibit the release of organic radiocarbons from low-level radioactive waste.  

Sorption experiments were carried out by Matsumoto et al. (Matsumoto et al., 1999) on 

various types of cementitious mortars and organic Carbon-14 in form of acetic acid, 

formaldehyde, acetaldehyde and arginine. This study showed that aqueous organic 

Carbon-14 was not sorbed to any great extent on mortar at high pH. The authors 

concluded that organic carbon is mainly electrostatically adsorbed onto the surface of 

mortar via silanol groups, and the extent of sorption depend on the ionic speciation of 

the organic carbon in aqueous solution. 

Notshita et al. (Notshita et al., 2001) tried to provide a categorization of cement 

components from the viewpoints of their chemical constituents and sorption 

behaviours. In this study, the authors assumed that the cement components are 

categorized into four groups: calcium silicate compounds, hydroxides, calcium 

aluminate compounds, and others. The authors compared the sorption behaviours 

among the four groups of cement components by batch sorption experiments carried 

out for 12 kinds of cement components using the radionuclides cesium, iodine, 

inorganic carbon, and nickel as different chemical species. For inorganic Carbon-14 

they found that 
14

CO3
2-

 is sorbed onto calcium silicate compounds with lower Ca:Si 

ratios if the bulk solution was in NaOH, but that sorption was less in Ca(OH)2 solution. 

This indicated that formation of CaCO3 may affect Kd values, although the initial 

carbonate concentration was adjusted to below its maximum solubility. In Ca(OH)2 
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solution, the order of sorption was gibbsite >  brucite > portlandite, which may reflect 

the tendency of CaCO3 to flocculate and precipitate as colloids. 

In a recent publication, Wieland et al. (Wieland et al., 2016) reported experimental data 

obtained for the uptake of methanol, ethanol, formaldehyde, acetaldehyde, formic acid 

and acetic acid by cement paste. These data show that the uptake the organic 

compounds investigated exhibit very weak interaction (either specific electrostatic 

interaction) or non-specific (hydrogen bonding adsorption) with the hydrate assemblage 

of cement paste except formate for which strongly sorbing sites exist in the cement 

matrix, e.g. by SO4
2-

/HCOO
-
 replacement in the ettringite structure. 

 

226Ra sorption on hardened cement paste and mortars 
 

Available data on radium sorption on cementitious materials indicate that Ra (II) 

sorption is significant with Kd values ranging from 5x10
-2

 to 5x10
-1

 m
3
/kg.  

The Ra(II) sorption kinetics and reversibility, as well as the effect of the solid to liquid 

ratio and the CaO/SiO2 ratio on the Ra(II) uptake on fresh and degraded hardened 

cement pastes (HCP) were investigated by Tits et al. (Tits et al., 2006a). Their results 

show that the uptake of Ra(II) by the degraded Hardened Cement Paste is fast (sorption 

equilibrium was attained within one day) with a Kd value at equilibrium of 14x10
-2

 

m
3
/kg. A clear dependence on the CaO/SiO2 ratio was observed.  

For fresh HCP a two-step process was used to explain the Ra(II) uptake: fast sorption 

occurred within one day, giving rise to a Kd value of 26x10
-2

 m
3
/kg. In a second step 

the Ra(II) appears to increase slowly to an Kd value of 40x10
-2

 m
3
/kg over a period of 

60 days. Nevertheless, the authors noted that the significance of the slow increase in the 

Kd value can be questioned due to the high uncertainties on the data.  

It is assumed that Ra(II) only sorbs on the C-S-H fraction in HCP and that the aqueous 

Ra(II) speciation is dominated by the Ra
2+

 species. In these conditions, the cation-

exchange model developed by Tits et al. (Tits et al., 2006a) for the Ra(II) sorption on 

C-S-H phases in the absence of alkalis can be used to estimate the Kd value for the 

Ra(II) sorption on degraded HCP.  

Even chemical analogues of Ra(II), such as Sr(II) and Ba(II), are often recommended to 

be used in sorption databases for the cementitious near-field (Wieland and Van Loon, 

2002), the experiments performed by Tits et al. (Tits et al., 2006a, Tits et al., 2006b)  

show that sorption values for Ra are almost 5 times greater than those obtained for Sr. 

Ra uptake is higher in stages I and III compared to stage II of the cement degradation 

(Wieland, 2014). Competition with alkalis leads to weaker uptake in stage I compared 

to stage II of the cement degradation while decreasing Ca concentrations results in 

increasing Ra uptake in stage I compared to stage II of the cement degradation. 
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Abstract 
This report reviews currently available studies of AFm interaction with various anions, 

and discuss the workplan for BRGM contribution to WP2 of the Cebama project. 

Introduction 
AFm are layered double hydroxides found in cementitious environments. They are 

foreseen to play a pivotal role on the fate of anion, through sorption/incorporation 

mechanisms. Retention and incorporation capacities are certainly driven by AFm 

crystallographic structure, including crystal size, and nature of the layer charge (e.g., 

isomorphic substitutions, vacancies). 

BRGM contribution to the Work Package 2 (WP2) of the European project Cebama 

will focus on various aspects of AFm behavior in cements, with the global aim of better 

understanding the role played by this phase in retaining anions from migrating. In this 

view, exchange constants for a set of anions of interest will be determined, and 

structure of the resulting phase will be studied. The first point is a prerequisite to the 

thermodynamic modeling of anion migration in cements, and the second will both 

allow for a better understanding of the mechanisms of interaction between AFm and 

anions at the atomic scale, information which is crucial to our capacity to model 

retention phenomena, and will facilitate further structural studies. In parallel, to mimic 

the probably compositional variability of AFm occurring cements, samples having 

various nature and density of layer charge will be synthesized, and the effect of this 

parameter on anion retention capacities will be studied. Finally, to an effort to 

contribute to a better description of the behavior of anions in clay/cement interfaces, the 

kinetics and mechanisms of AFm degradation will be studied, and their influence on 

anion retention capacities will be discussed. Generally speaking, BRGM plans to focus 

on the Mo/Se/Cl anion chemical system, although other anions might be included if 

relevant (for example if partners from the cluster which so). Indeed, BRGM will 

combine its efforts into a “cluster” (INE, PSI, Amphos21, BRGM) aiming to better 

understand the sorption properties of relevant RN on cement phases, i.e. AFm and C-S-

H (Calcium Silicate Hydrate). Among others, BRGM will synthesized AFm phase for 

the “joint cluster” and better described AFm structure using state of the art technics, but 

will also provide a realistic description of AFm anion retention capacity and link it to a 

realistic kinetic model for AFm degradation. 

 

Anion exchange and structure studies 

State of the art 
 

Because AFm probably are the most efficient anion-sorbing phases in cements, their 

structure and their capacity to sorb anions have been extensively studied, and many 

results are available in the literature. Relevant literature on this topic is given in Table 

14. 

mailto:s.grangeon@brgm.fr
mailto:n.marty@brgm.fr


 

78 

 

Table 14. Literature data concerning AFm interaction with anions. Both experimental and 
predictive (ab initio) studies are reported.Data taken from previous studies (Aimoz et al., 2012a; 

Aimoz et al., 2013; Aimoz et al., 2012b; Baur and Johnson, 2003; Birnin-Yauri and Glasser, 
1998; Bonhoure et al., 2006; Cornelis et al., 2012; Glasser et al., 1999; Hirao et al., 2005; 

Johnson et al., 2000; Kalinichev and Kirkpatrick, 2002; Kirkpatrick et al., 1999; Mesbah et al., 
2012; Motzet and Pollmann, 1999; Moulin et al., 2000; Ochs et al., 2015; Pollmann et al., 2006; 

Qiu et al., 2015; Segni et al., 2006; Wu et al., 2010) 

Authors Studied material Nature of 

exchange 

reaction 

Main results 

Qiu et al. (2015) Hydrocalumite (AFm-

OH) 

OH
-
/B(OH)4

-
 Langmuir and 

Freundlich 

isotherm 

Birnin-Yauri and 

Glasser (1998) 

Friedel’s salt (AFm-Cl) OH
-
/Cl

-
 Exchanges effect 

on solubility 

constants 

Aimoz et al. 

(2012a) 

AFm-I2 and AFm-SO4 I
-
/SO4

2-
 Thermodynamics 

of AFm-(I2,SO4) 

solid solution  

Aimoz et al. 

(2012b) 

AFm-I2 and AFm-SO4 I
-
/SO4

2-
 Structural model 

Aimoz et al. 

(2013) 

AFm-I2 and AFm-SO4 I
-
/SO4

2-
 Exchanges effect 

on solubility 

constants 

Baur and Johnson 

(2003) 

Monosulfate (AFm-Cl) SeO3
2-

/SO4
--
 

SeO4
2-

/SO4
-- 

 

Distribution ratios 

(Rd=0.38 m
3
 kg

-1
) 

for selenite and 

selenate (Rd=2.06 

m
3
 kg

-1
) 

Bonhoure et al. 

(2006)  

Hardened cement paste SeO3
2-

/? 

SeO4
2-

/?
- 

Freundlich 

isotherm. 

Distribution ratios 

(0.2<Rd<0.02 m
3
 

kg
-1

) for selenite 

and selenate 

(0.002<Rd<0.02 

m
3
 kg

-1
) 

Johnson et al. 

(2000) 

27 cementitious 

formulations were 

investigated 

SeO3
2-

/? 

 

Freundlich 

isotherms 

Experimental Kd 

values ranging 

from 250 to 930 l 

kg
-1

 

Cornelis et al. 

(2012) 

AFm-Sb and AFm-SO4 Sb(OH)6−/SO4
--
 Formation of a 

pillared structure, 

with Sb forming 

inner-sphere 

complex with 6 O. 
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Glasser et al. 

(1999) 

This paper is a review OH, CO3, SO4, 

Cl 

A large range of 

compositional 

variation within 

binary and ternary 

systems occurs. 

Anions can have 

both ordered and 

disordered 

configuration in the 

interlayer space. 

Hirao et al. (2005) Cl interaction with 

cement phases, including 

AFm 

Cl
-
/? Cl sorption into 

AFm surfaces was 

fitted with a 

Freundlich 

isotherm. 

Kalinichev and 

Kirkpatrick (2002) 

Molecular dynamics 

simulation of Cl 

interaction with cement 

phases, including AFm 

Cl
-
/? Cl outer-sphere 

complexation is 

favored as 

compared to inner-

sphere 

complexation. 

Kirkpatrick et al. 

(1999) 

NMR study of 
35

Cl
-

intercalated hydrotalcite 

and Friedel’s salt 

Cl
-
/? Interlayer Cl and 

water are ordered. 

Cl has uniaxial or 

almost uniaxial 

symmetry above ~0 

°C and triaxial at 

lower temperatures. 

Mesbah et al. 

(2012) 

Synthesis of SO4
2-

 and 

Cl
-
-rich AFm phases, 

structural 

characterization and 

experiments focusing on 

competition between the 

two anions, as well as 

between SO4
2-

 and CO3
2-

 

Cl
-
/SO4

2- 

SO4
2-

/CO3
2-

 

AFm-SO4 has 

a better potential 

for insolubilizing 

CO3
2-

 than Cl
-
. 

Lattice parameters 

depend on the 

extend of anion 

exchange. 

Motzet and 

Pollmann (1999) 

Synthesis of AFm-

SO3/OH solid solution. 

Carbonation processes 

were also investigated. 

SO3
2-

/OH
-

/CO3
2-

 

The thermal 

stability and the 

hydration stages 

were investigated. 

Moulin et al. 

(2000) 

Hydration of C3A were 

performed. Four different 

AFm-type phase samples 

were also synthesized 

(AFm-OH, AFm-CO3, 

AFm-Cr and AFm-NO3) 

CrO4
2-

/Zn(OH)4
2-

/OH
- 

 

 

Chromium ions 

substitute Al in 

structures. 

Adsorption of 

CrO4
2-

 and 

Zn(OH)4
2-

 ions at 

the interlamellar or 

external surfaces of 
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the AFm phases. 

Ochs et al. (2015) Review on cementitious 

materials and their 

sorption properties 

Radionuclide 

and metal 

sorption on 

cement and 

concrete 

AFm structure is 

tolerant of 

substitution and 

can sorb many 

contaminants 

through ion 

substitution. 

Pollmann et al. 

(2006) 

Synthesis of CEM I 

pastes and AFm-

sulfonates  

Sulfonates/OH
-
 Formation of AFm 

phases with 

aliphatic sulfonate 

anions. 

Segni et al. (2006) Incorporation of Cr, V 

and Si oxoanions into 

hydrocalumite 

CrO4
2-

/V2O7
4-

/SiO3
2-

/Cl
-
/NO3

-
 

Anion uptake was 

examined in terms 

of the structural 

characteristics 

Wu et al. (2010) Sorption of selenite by 

Friedel’s salt 

SeO4
2-

/Cl
-
 Exchange of Se 

with Cl is efficient. 

The formed 

product is stable 

over a wide range 

of pH values (4-13, 

as reported by the 

authors). Sorption 

is reversible, thus 

supporting outer-

sphere 

complexation 

Yuan et al. (2009) Review of studies 

focusing on Cl binding 

with cement materials, 

including C3a. 

Cl
-
/? C3a is found to be 

the most efficient 

Cl-binding phase, 

followed by C3s, 

C2s and C4AF, 

thus suggesting that 

AFm may be the 

most efficient Cl-

sorbing phase in 

cements. 

Zhang et al. (2003) Interaction between 

hydrocalumite (naturally-

occuring AFm) and B, 

Cr, Mo and Se. 

Coprecipitation 

experiments. 

Coprecipitation, 

but final 

products 

contain OH 

which compete 

All elements are 

very efficiently 

uptaken, although 

affinity for B is 

lower. The 

necessity to take 

into account the 

competition with 

OH is highlighted. 

It is empathized 



 

81 

 

that pH must 

remain above 

~10.7. 

 

From this compilation of data, it becomes clear that although many relevant data exists, 

many fundamental information are still missing, thus preventing a sound understanding 

of (and thus capacity to model) AFm interaction with anions. For example, in the case 

of Se, it has both been reported that Se can form outer-sphere and inner-sphere 

complexes. However, these two interaction modes are very different, and have 

profound implications for the mobility of Se. Indeed, if Se is to be sorbed as inner-

sphere complex, then it will be strongly bound to AFm structure, and likely irreversibly 

trapped as long as AFm is stable. Contrastingly, if Se is sorbed as an outer-sphere 

complex, it will be subject to competition with other anions present in the pore water, 

and is thus susceptible of being released to the solution if another anion(s) having a 

high affinity for AFm surface occurs in the pore water in significant concentration.  

In addition, while many sorption data are presented for a large number of different 

anions, experimental studies are often conducted at very high anion concentration, and 

often fail to report parameters that are mandatory to a reproduction (and modeling) of 

the experiment. For instances, few studies report solid-to-liquid ratio, ionic background 

(and ionic strength), or pH/Eh conditions at the end of the experiment. All these 

problems prevent the use of most of currently available data for inclusion in a 

thermodynamic modeling code.  

Finally, when modelled, data are often interpreted in terms of isotherms, with a 

Freundlich model, which cannot be transposed to other chemical conditions and is 

usually limited to low-concentration solutions. For example, if chemical composition of 

water changes with time – as expected in any natural system – present modelling 

cannot be reused.  

Methods 
To contribute to a better description of AFm/anions interactions, BRGM will perform 

batch experiment in controlled conditions (e.g., in the glove-box, with well-

characterized AFm samples. In particular, BRGM will use AFm samples having 

varying reactivity (e.g., several samples having different nature and density of layer 

charge). Different anion of interest will be studied, in the Se/Mo/Cl competition system.  

Such experiments will require first to establish synthesis protocols for AFm samples. 

For this, we will use protocols available in the open literature (Table 14). Once 

synthesized, samples will be carefully characterized, for example for their properties 

(including nature and density of the layer charge). Then, several tests will be performed 

to determine the best experimental conditions required for experiments focusing on 

anion retention. 

Finally, batch experiments will be conducted in the glove box, using different 

protocols. Amongst them, it is envisioned that experiments consisting in varying the 

concentration of an anion of interest in different solutions in contact with AFm 

saturated with another anion. Same solid/liquid ratios will be considered for 

experiments. Concentrations of both anions, as well other parameters of interest (e.g., 

pH),  will be then measured at the end of experiments. Another type of experiment 

could consist in flowing a solution having a fixed concentration of an anion of interest 

through a pellet built of AFm saturated of anion, and measuring the output 
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concentrations of the two anions while strictly controlling all instrumental parameters 

(including flow rate). 

 

Kinetics study: Dissolution kinetics of AFm-Cl as a function of pH at room 
temperature 

General context of the study 
In the most design of deep underground radioactive waste disposal, cementitious 

materials will be used to build access structures, galleries, vaults and packages for some 

radioactive wastes. In such context, cement materials have essentially mechanical 

function (e.g. low permeable barriers that retard radionuclide migration). However 

cement phases have also a sorptive potential for radionuclides. Indeed, several studies 

report cationic and anionic sorptions on concretes, cements as well as on isolated 

cement phases (Aimoz et al., 2012a; Aimoz et al., 2013; Aimoz et al., 2012b; Atkinson 

and Nickerson, 1988; Baur and Johnson, 2003; Birnin-Yauri and Glasser, 1998; 

Bonhoure et al., 2006; Cornelis et al., 2012; Gougar et al., 1996; Iwaida et al., 2001; 

Johnson et al., 2000; Kindness et al., 1994; Miller et al., 2000; Moulin et al., 2000; 

Pointeau et al., 2008; Pollmann et al., 2006; Segni et al., 2006; Tits et al., 2011). Some 

authors highlight a possible long-term stabilization of sorbed elements (Cornelis et al., 

2012). However, part of these cement materials will be in physical contact with the 

surrounding rock formation. The chemical gradient between the cement material and 

horst rock will induce mineralogical transformations whose impact must be evaluated 

in the framework of repository long-term evolution. Therefore, the stability of cement 

phases, both from a thermodynamic and kinetic point of view, is a fundamental 

importance in the determination of radionuclide migration, and more generally, for 

nuclear safety assessments. 

The present study is focused on AFm (hydrated calcium aluminate phases) stability, 

one of the main product formed in hydrated cement paste. The AFm phase belongs to 

the layered double hydrate (LDH) family having positively charged layers and water 

plus charge-balancing anions in the interlayer (Aimoz et al., 2012a; Baquerizo et al., 

2015; Birnin-Yauri and Glasser, 1998; Matschei et al., 2007; Moulin et al., 2000; 

Pollmann et al., 2006; Segni et al., 2006). The presence of an anionic exchanger 

confers interesting properties to the concrete for retention of radionuclides negatively 

charged in basic conditions (e.g. I, Se, Mo, Cl etc.). Moreover, the stability study of 

AFm, such as the Friedel's salt, is of great significance due to its capacity for releasing 

chloride which increase the steel corrosion in concrete (Glass et al., 2000; Goñi and 

Guerrero, 2003).  

Aims of dissolution experiments are twofold: first, kinetics law for the dissolution of 

AFm-Cl will be determined. Second, the evolution of AFm structure during dissolution 

will be monitored in order to better understand the structural mechanisms of phase 

dissolution. In this view, the initial material will be first carefully examined using a 

combination of chemical and physical techniques. Dissolution experiments will be done 

in flow-through reactors at various basic conditions (pH 9.2 to 13) at room temperature. 

Alteration products will be carefully examined at the end of experiments.  

Methods 
Dissolution experiments will be carried out on AFm-Cl using flow-through reactors at 

room temperature (Fig. 23). The total volume of reactors available in the BRGM 

laboratory is about 83 mL. An input buffer solution will circulate at a constant flow rate 

of about 0.5 mL min
-1

 through the reactors using a peristaltic pump (Watson Marlow, 
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205U). The input solution will be continuously cooled under a N2 flux. The objective 

here was to suppress the CO2 partial pressure in order to avoid carbonation during 

dissolution experiments (e.g. Goñi and Guerrero, 2003). The magnetic stirrer rotates on 

an axle in order to avoid any grinding of AFm particles between the bar and the bottom 

of the reactor (Metz and Ganor, 2001).  

 

Fig. 23. The experimental apparatus. Figure modified from Marty et al. (2015). 

Output concentrations of Ca, Cl and Al will probably not match a steady state due to 

the high reactivity of the dissolved material. Indeed, the decrease of output 

concentrations is expected due to the mass loss during alteration process. It will be 

therefore particularly relevant to take mass variation into account in our calculations.  

The BET surface areas will be used for the rate normalization. However, BET surfaces 

do not necessary correspond to reactive surface areas, i.e. really involved in the 

dissolution process. For example, several authors report a clay dissolution from edge 

surface areas (ESA) in basic conditions (e.g. Marty et al., 2011); reported ESA by the 

authors are significantly lower than BET areas (e.g. ESA = 11.2 m
2
 g

-1
 and BET = 104 

m
2
 g

-1
 for a synthetic montmorillonite). Therefore, both mass and surface normalized 

rates will be studied as function of pH.  
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This report aims at giving a rapid overview of some scientific and experimental basis 

necessary to tackle the main topics of the project: water saturation of cement paste, 

carbonation process, aqueous and gas diffusion in cement, reactivity of inorganic 

carbon-14 in cementitious environment. 

INTRODUCTION 

The existence of unsaturated states in rocks, materials (engineered barriers, backfill 

materials) and surface environments is a common situation to all disposal sites. In 

France, this concerns either the current surface waste disposal facilities (very-low-level 

waste repository, low and intermediate-level short lived waste repository) or the future 

deep or sub-surface geological repositories such as CIGEO project for high-level waste 

(HLW) and intermediate-level long-lived waste (IL-LL waste) and FAVL project for 

low-level long-lived wastes. The unsaturated conditions are very variable depending on 

the type of disposal (surface or underground) and also on the origin of the gas which 

substitute water inside the materials.  

Under surface and sub-surface conditions or during the construction and the operation 

phase of a deep geological repository, the ventilation of underground galleries or shafts 

would induce, by gas exchanges with the atmosphere, a partial dehydration of the 

different materials of the storage. In porous media, partially saturated conditions (or 

unsaturated conditions) denote the co-presence of an aqueous phase and a gaseous 

phase within the network of pores. The degree of saturation (S) macroscopically defines 

the ratio between the pore volume filled with water to the total pore volume. 

Unsaturated terms denote situations where the degree of saturation is less than 100% 

[DRO10] 

For example, in the Callovo-Oxfordian claystones (CIGEO project), during the 

operation phase, the saturation will range from 70-95% in the excavation damaged zone 

(EDZ) around the galleries to over 95% in the intact clay rock. In a repository, cement 

materials play also an important role either as engineered barriers or confinement 

matrices for some IL-LL wastes. Depending on their use, saturation values of cement 

materials may range from 30-40% (backfill) to 80-90% (sealings). Moreover, some IL-

LL wastes may produce gases such as H2, CO2 and CH4 that will be diluted and 

discharged by ventilation (operation period). Nevertheless, during the post-closure 

period, Hydrogen release due to the corrosion of metal components (HLW overpack or 

IL-LL metallic wastes,…) and the radiolysis of some IL-LL wastes (polymers, 

bitumen) and/or of water (cemented wastes, salts) constitutes the main sources of gas. 

This means that wastes in disposal cells may remain partially unsaturated for many 

thousands of years before the completed resaturation by water of the repository (after 

100 000 years) [AND14]. 
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Carbon-14 has been identified as one of the important radionuclide in the inventory of 

radioactive waste due to its pretty long half-live (5730 years) [AND05]. Results from 

previous and current European collaborative projects such as CARBOWASTE and 

CAST show that carbon-14 could be released by the corrosion of irradiated metals 

(zirconium alloys or stainless steels) and by the degradation of irradiated graphite and 

ion exchange materials. The issue of carbon-14 in wastes is then common to all the 

disposal facilities (HLW, IL-LLW, LL-LLW). The speciation of carbon-14 covers 

various chemical forms: organic and/or inorganic species dissolved or gaseous. Under 

his volatile form, carbon-14 may be present as CO2 (inorganic species) or CH4 and 

C2H6 (organic species) [CAR13, CAS15]. It is well know that the speciation of an 

element influences its sorption and transport properties. For carbon-14, inorganic 

species (CO2/CO3
2-

) are the most reactive species toward cement materials is inorganic 

species due to their ability to enter in the carbonation process. 

The carbonation process has been intensively studied for decades due to its importance 

in civil engineering [SUZ85, GRO90, COW92, THI05, BOR10]. Depending on water 

saturation conditions, the reactivity of inorganic carbon with cement is basically due to 

the diffusion of either dissolved carbonate ions (saturated condition) or gaseous CO2 

(unsaturated condition) [DRO10]. The main consequences are: i) a decrease of pH in 

the cement pore water, ii) a change in cement mineralogy (dissolution of Portlandite, 

progressive decalcification of C-S-H phases) and iii) a precipitation of in the open 

porosity (clogging) [AUR15]. The formation of calcium carbonate inside the porosity 

may have an impact on the transfer properties of carbon gaseous species including 
14

CO2 and thus contributes to the potential entrapment of carbon-14 species released 

from wastes.  

Thus, the objective of this work is to investigate the behaviour of inorganic carbon-14 

species (dissolved and gaseous) by describing their diffusion properties (diffusion 

coefficients) in hardened cement paste (HCP) for different saturation conditions and 

different water degradation stages (presence of absence of alkali ions). 

CARBON REACTIVITY IN CEMENT MATERIALS UNDER UNSATURATED CONDITIONS 

DESCRIPTION OF THE CARBONATION PROCESS 

Numerous studies describe the carbonation process of cement materials as a two-step 

diffusive process: diffusion of gaseous species (CO2) in the unsaturated open porosity 

of the cement matrix and diffusion of aqueous carbonate ions in solution [BAR04, 

DRO10, AUR15 and references inside]. Carbon dioxide dissolves in alkaline solution 

with the following acid-base reaction:  

CO2(g) +2OH
-
 ⇆ CO3

2-
 + 2H2O (1) 

The pKa values of the two acid-base couples are 6.37 and 10.33 (T = 298K) [COW92]. 

This dissolution leads to the neutralization of the cement pore water and induces 

reactions with cement hydrated minerals. 

 Portlandite 

Portlandite (Ca(OH)2) is the most sensitive hydrates for this reaction. The neutralization 

of hydroxide ions in solution leads to the precipitation of calcium carbonate following 

the reaction 2 

Ca(OH)2(s) +CO2(g) ⇆CaCO3(s) +H2O (2) 
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Due to the strong buffering effect of Portlandite, the pH value of the pore water is 

stabilized around 12.5 until complete dissolution of Ca(OH)2. 

 Calcium silicate hydrated (C-S-H) 

C-S-H minerals also react with carbon dioxide following a specific mechanism 

[SUZ85] (reaction 3).  

CaOxSiO2yH2Oz + xCO2(g) ⇆ xCaCO3(s) + ySiO2.tH2O + (z-t)H2O (3) 

 The precipitation of calcium carbonate is concomittant to a noncongruente 

dissolution of C-S-H leading to a progressive decrease of the calcium to silica 

ratio (C/S) in the C-S-H. 

 This decalcification induces the release of silicate ions in solution and in case of 

a complete carbonation, leads to their polymerization into silica gel. 

Other cement hydrates such as hydrated calcium sulfoaluminate (ettringite, AFm 

phases) may react with carbon dioxide and form calcite, gypsum and hydrated alumina 

following reaction 4 for ettringite as an example:  

3CaO.Al2O3.3CaSO4.32H2O + 3H2CO3 ⇆ 3CaCO3 +3(CaSO4.H2O) + Al2O3.xH2O + (26-x)H2O 

(4) 

Complete carbonation of cement hydrates may modify the cement microstructure. Due 

to their different molar volumes, the transformation of one mole of portlandite (Vmolar = 

33 cm
3
.mol

-1
) into one mole of calcite (Vmolar = 35 cm

3
.mol

-1
) induces an increase of the 

solid phase and as a consequence a decrease of the porous space [AUR15]. The porous 

distribution is then strongly affected by the carbonation process. Many studies report a 

decrease of the microporosity (< 100 nm) and a formation of a macroporosity (> 

100nm). The changes in porosity are reported to be much more important for Portland 

cement (CEM I) than for Blast Furnace Slag cement (CEMV) [HOU94, THI05]. 

 

INFLUENCE OF RELATIVE HUMIDITY (RH) 

Because of the carbonation process is based on the diffusion of both gaseous (CO2) and 

dissolved (carbonate ions) species, water saturation of the cement material has an 

impact on the process. Indeed, capillary porosity (open porosity) controls the rate of 

CO2 transfer and as far as it is not saturated, carbon dioxide transfer is mainly due to a 

gas transfer. In these conditions, the diffusion rate of CO2(g) is 10 000 times higher 

than that of carbonate species [BOU13]. Auroy reports a synthesis of the evolution of 

the carbonation rate for different cement materials as a function of relative humidity. 

This evolution shows that the carbonation rate is maximal for a relative humidity 

ranged between 55-65% of RH depending on the materials (cement paste, concrete,…) 

and the carbonation protocol (natural or accelerated carbonation). This range is a 

compromise between the transfer of CO2 in the gas phase (existence of a continuous 

unsaturated path in the material) and the presence of water (as a continuous liquid 

phase) in the pore network which allows that the carbonation reactions can take place. 
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Figure 1: Evolution of the carbonation rate vs relative humidity for different cement 

materials (from [AUR15] and references herein: red [VER58], blue [PAP91], green 

[THI05]) 

Moreover, at high saturation condition (> 80%), the percolation of the gaseous phase in 

the porous network is more and more difficult and the effective diffusion coefficient of 

gaseous species diminish drastically in order to achieved very low value 10
-14

-10
-13

 m
2
s

-

1
 similar to those of aqueous species[SER07]. It means that there is probably a 

transition from a gas diffusion process to an aqueous diffusion process at high 

saturation conditions. Nevertheless, very few experimental data are available for these 

conditions. 

REACTIVITY OF INORGANIC CARBON-14 IN CEMENT ENVIRONMENT 

Inorganic carbon-14 released from waste is expected to behave like stable carbon. 

Results of wet chemistry experiments (batch) performed on non carbonated hardened 

cement pastes show that Rd(
14

C) value (distribution ratio defined as the ratio of 
14

C 

activity in the solid to 
14

C activity in the corresponding equilibrium solution) ranges 

from 1 to 10 m
3
/kg with a very slow kinetic [ALL84, BAY88].  

These results were interpreted as a coupling of two mechanisms: first, co-precipitation 

of 
14

CO3 
2-

 with calcium carbonate and second isotopic exchange of 
14

CO3 
2-

 with 
12

CO3 
2- 

and 
13

CO3 
2- 

species. 

For more complex cement materials (mortar, concrete) containing calcareous 

aggregates, Bradbury and Sarott [BRA95] have developped a retention model based on 

the assumption that 
14

CO3 
2-

 uptake is only rely on the accessible quantity of (stable) 

carbonate in the solid and the solubility of calcite in solution. Rd expression is then: 

Rd = ×[Carbon]solid/[Carbon]solution (m
-3

/kg
-1

) (5) 

with

 : accessibility factor taking in account the fraction of accessible carbonate in 

aggregates.  

 equals 0.17×(1- log), where  is the mean diameter of calcareous aggregate 

[POI02]. 
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DIFFUSION IN CEMENT MATERIALS IN UNSATURATED CONDITIONS 

As explained previously, transfer properties of carbon (and so of carbon-14) in cement 

materials are dominated by diffusion processes in aqueous or gas phases. Nevertheless, 

in literature very few studies are dedicated to the acquisition of transfer parameters in 

unsaturated conditions because of experimental difficulties. In the following 

paragraphs, basis of diffusion mechanism both in aqueous and gaseous phases will be 

described with a focus on the results obtained in unsaturated conditions. 

 

Generally speaking, diffusion process refers to the transport of species (molecular or 

ion) in a environment (solid, liquid or gas) due to a gradient of chemical potential. A 

proportional relationship exists between this gradient and the transfer of the species 

expressed by the first Fick laws. The proportionality coefficient is then the diffusion 

coefficient (D0). This description is particularly true for the diffusion process applied to 

(radioactive) tracers in which the gradient of chemical potential correspond to the 

concentration (or activity) gradient.  

Based on Powers, initially developped for CEM I cement, the microstructure of cement 

paste can be described with two distinct classes of porosity:  

Capillary porosity (> 125-150 nm): It is a vestige of the inter granular space in the 

initially hydrated paste.  

Hydrate porosity (<125 nm): porosity forms inside the hydrated phases mostly C-S-H 

phases  

The microstructure depends on the nature of the cement, on the water/cement ratio 

(W/C) used for the hydration of the cement and on the aged of the paste. Classically, 

the capillary porosity tends to diminish with a decrease of W/C and with time (ageing). 

The jointly increase of the total porosity and of the capillary porosity leads to the 

increase of the porous volume accessible to the diffusion process. Moreover, the 

microstructure of a BFS paste contains less capillary porosity than in an OPC paste. For 

a given W/C ratio, the total porosity value is similar but the pore diameters are smaller 

in a CEM V paste than in a CEM I one. 

For the diffusion process, the most important parameter is not the total porosity but the 

interconnectivity of the capillary porosity. Results from Bentz and Garboczi show that, 

below a certain limit (percolation threshold), the interconnectivity of the capillary 

porosity falls to zero. The value is around 18% for a CEM I paste and do not depend on 

W/C ratio (figure 2) [BEN91]. 
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Figure 2: Evolution of the fraction of interconnected porosity vs the fraction of capillary 

porosity 

 

AQUEOUS DIFFUSION 

In a porous media such as a cement paste, the aqueous diffusion of molecular or ion 

species (solute) takes place in the cement pore water through a volume of porous 

material. In saturated conditions, solute diffusion in cement-based materials is entirely 

described by the mass-balance equation. Thus, the first Fick law can be expressed by 

the following relation: 

(6) 

with  

Je : flux of species through the surface (mol.m
-2

.s
-1

) 

De : effective diffusion coefficient (m
2
.s

-1
) 

c/x : gradient of concentration (mol.m
-4

) 

 

In a fully saturated material, the effective diffusion coefficient of a species can be 

related to its diffusion coefficient in solution (D0) and to the geometry of the porous 

network (constrictivity and tortuosity) by the relation  

De = D0×/
2 

(7) 

 

with  and  are the constrictivity and the tortuosity of the pores respectively. 

Unfortunately, these parameters are not experimentally accessible. 

If the species has no interaction with the material, it is considered as a “non reactive 

species”. In cement material, this is often the case for tritiated water (HTO) which a 

tracer of water behaviour, even if results shows that isotopic exchange with water takes 

place during the diffusion process [TIT03]. 
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On contrary, reactive tracers are species which can interact with the materials by 

different chemical or physical processes (sorption, incorporation, precipitation, isotopic 

exchanges,…). These interactions are expressed by the rock capacity factor, a. For 

those species, the diffusion process is described by the second Fick law (8) 

 

∂C(x, t)

∂t
=

De

a
×

∂2C

∂x2
 

 

with  

a :rock capacity factor ; a = ε + ρ ×
∂[species]solid

∂[species]solution
 (-) 


∂[species]solid

∂[species]solution
 stands for the chemical interaction of the species with the material. If 

this term is constant, it is equal to the distribution ratio, Rd. If not, it could be described 

by isotherm (Langmuir or more complex) for sorption ).  

 : water accessible porosity (-) 

 : bulk material density (kg.m
-3

) 

Rd: distribution ratio (m
-3

.kg) 

 

The ratio De/a expresses the apparent diffusion coefficient, Da. 

 

Classically, the effective diffusion coefficient of a solute (tracer) is measured with a 

through-diffusion set-up in which a water saturated cement sample is sandwiched 

between two cells. In the upstream cell, the solute is injected and maintained at a 

constant concentration. The diffusion process through the sample is then driven by the 

gradient created by the difference of solute concentration in the two cells. The 

measurement of the solute in the downstream cell allows determining the steady state 

and calculating the effective coefficient diffusion by applying the first Fick law. 

INFLUENCE OF WATER SATURATION (SW) 

 

There are very few studies dealing with the influence of water saturation (Sw) on the 

aqueous diffusion in cement materials and none dealing with radioactive tracers in 

HCP. A precise review of this topic has been done by Bourbon [BOU13]. The main 

results of this study are reported below.  

First of all, as the aqueous diffusion takes place in the pore water, transfer of species is 

possible only if the pore water constitutes a continuous phase meaning that water 

saturation should be higher than a critical threshold (Sc). Based on data obtained from 

impedance spectroscopy on concrete samples, Bourbon concluded that the effective 

diffusion coefficients for chloride ions tend to zero for Sw values below 0.36. This value 

is then considered as the critical threshold Sc for concrete materials.  

A recent study from Dridi and Lacour performed with a new specific experimental set-

up (half-cell) confirm these results for CEM I paste (drastic decrease of De below Sw= 

0.3-0.5) [DRI14]. The principle of this method consists in placing two samples of the 

material (source and target) into contact with one another in a sealed cell (Figure 3). 

The source sample is uniformly pre-doped with tracer (here lithium ions), while the 
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target sample is tracer free. Bonding with fresh cement paste improves the continuity of 

the porous network between the source and the target during the diffusion test. 

 

 

Figure 3: Sketch of a halfcell diffusion test (from [DRI14]) 

After a certain diffusion time, concentration profiles of lithium within the samples are 

measured by elemental mapping (Laser Induced Breakdown Spectroscopy technique, 

LIBS). Diffusion profile of Li ions are ajusted by the analytical solution of a 1D 

problem in a semi-infinite environment [CRA75] and lithium effective diffusion 

coefficients are then calculed by inverse analysis. Figure 4 summarizes the results 

obtained for different Sw values. 

 

Figure 4: Evolution of the effective diffusion coefficient vs water saturation in a CEM I 

paste with W/C = 0.4 (from [DRI14]) 

 

The authors interpret the drop of De(Li) values for Sw values ranged between 0.3 and 

0.5 as the disappearance of connected liquid phase in the capillary pores as well as in 

hydrates. This confirms previous interpretation [BOU13].  
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Bourbon reports a comparison between CEM I and CEM V concretes based on 

impedance spectroscopy data (figure 5) [BOU13, MER12]. For CEM I concrete, the 

results show that, at high water saturation (Sw > 0.75), the decrease of De values is very 

limited but becomes more important for Sw < 0.75 while for CEM V concrete, the De 

values are continuously decreasing on the all range of Sw values. Below 0.75, the two 

materials seem to follow the same trend. These different behaviours have been 

interpreted as due to the difference in the microstructure of the materials. The evolution 

of De value at high saturation in CEM I material, is due to the presence of capillary 

pores which are progressively drained while those pores being absent in CEM V 

material, smaller pores (from hydrates) are drained. Below 0.75 (Sw), in both material, 

the same type of porosity (from hydrates) is concerned by the draining process. 

 

Figure 5: Evolution of diffusion coefficient vs water saturation for CEM and 

CEM V concretes 

From the experimental point of view, Dridi and Lacour have reported several technical 

difficulties (eg: contact between the two samples) which can easily have impact on the 

results. They have even proposed some important changes in the set-up (removal of the 

diffusion cell and use of a desiccator with constant RH). This means that even if this 

experimental set-up seems to be very attractive for acquiring data in unsaturated 

conditions, its realization appears to be touchy and has never been used for radioactive 

tracers. 

Due to these experimental difficulties, we have chosen to test, in this project, another 

experimental set-up for acquiring aqueous diffusion coefficient at high Sw value. This 

new experimental set-up is based on Savoye et al work dedicated to the study of 

diffusion of radioactive tracers through unsaturated argillite clay stone [SAV10]. In this 

study, the diffusion parameters are determined using modified through-diffusion cells 

in which the water saturation of samples is generated by the osmosis process. In fact, 

osmosis allows for the control of the water suction in a sample while maintaining 

contact with a chemical solution. This technique which is used by soil scientist and 

geotechnical engineering is an alternative to the classical supersaturated salt solution 

technique [ZUR66, DEL98]. The suction is then generated by an osmosis process 

between the pore water and a highly concentrated solution of polymer (polyethylene 

glycol, PEG). The clay sample is separated from the PEG-solution by a semi-permeable 

membrane, which is permeable to all dissolved species except PEG. The exclusion of 
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the PEG from the clay sample results in a chemical-potential imbalance between the 

porewater and the water in the reservoirs chambers of the diffusion cell. This osmotic 

suction has the effect of keeping the clay sample unsaturated. The value of the imposed 

suction depends on PEG concentration in solution. Delage et al reported the evolution 

of the suction vs PEG concentration (Figure 6). All data under 4 MPa fit the following 

parabolic 

 

Figure 6: Evolution of the suction vs PEG concentration with various molar mass (from 

[DEL98]) 

relation between the suction (in MPa) and the concentration of PEG (g of PEG/g of 

water) 

×PEG]
2
 (9) 

Above 4 MPa, suction values are lower than those expected from equation (9). 

Nevertheless, suctions up to about 10 MPa can be reached by using very highly 

concentration PEG solution (> 1g of PEG/g of water). Previous geomechanical studies 

on Callovo-Oxfordian clay stone showed that suctions up to 10 MPa lead to a water 

saturation of about 80%. It is clear that the relation between suction and water 

saturation strongly depends on the nature of the material and more precisely on the 

microstructural properties (porosity, geometry of the pore network, permeability,…). 

The application of this technique to cement pastes will need first to definite such a 

relationship for these materials.  

A schematic view of the modified through-diffusion cell used for the diffusion 

experiments is given in Figure 7. 
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Figure 7: Schematic cross-section of a modified through-diffusion cell (from [SAY10]) 

The cut-off of the membrane has to be adapted with the molar mass of PEG molecule. 

For example, with PEG (6 kDa), a membrane with a cut-off of 3.5 kDa has been used. 

With this set-up, Savoye et al succeeded in measuring effective diffusion coefficients of 

molecular (HTO) and ionic radionuclides (Na
+
, Cs

+
, Sr

2+
 and I

-
) for water saturation 

ranged from 0.8 to 1 in unsaturated clay stone samples [SAV12]. 

For application to cement pastes, the resistance of the semi-permeable membrane to 

highly alkaline solution will have to be tested. 

In conclusion, literature review shows that the osmosis technique is probably the easiest 

technique which can be adapted for the measurement of diffusion parameters of 

radionuclides in unsaturated conditions. Nevertheless, preliminary specific studies have 

to be done before performing experiments with cement pastes (checking the  = 

f[PEG] relationship, testing the resistance of the membrane to high alkaline 

solutions,..).  

GASEOUS DIFFUSION 

The paragraph deals with the diffusion of gas molecule (in air) contained in the pore of 

an unsaturated porous media. Two diffusion mechanisms have then to be considered 

[SE07, BOU13]: 

 Molecular (or ordinary) diffusion) occurs predominantly when molecule-

molecule collisions dominate over molecule-pore wall collisions. The molecule 

of different species move under the influence of concentration gradients and the 

diffusive transfer follows the Fick law. 

 Knudsen (or free-molecule) diffusion occurs predominantly when molecule-

molecule collisions can be ignored compared to molecule-pore wall collisions. 

The molecule of different species move entirely independently from each other. 

The prevalence of ordinary of Knudsen diffusion depends firstly on the mean free path 

of the gas molecule (approximately 100 nm for a gas molecule at atmospheric pressure 

and T = 293K) depending itself on global parameters (total pressure, temperature, 

nature of the gas)as and secondly, on the geometry of the porous media (pores size, 

degree of connectivity of the unsaturated pores). As the pore sizes in cement pastes are 

widely distributed from nm to mm scale, it is difficult a priori to state which is the 

relevant mechanism for a given paste.  
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Experimental set-ups designed for studying gas diffusion in cement paste as a function 

of water saturation are scarce and experiments are performed with hydrogen or inert gas 

(helium or xenon). For these light gases (H2 or He), the effective diffusion coefficient 

value is around 7.10
-7

 m
2
.s

-1
. Classically, it consists on a diffusion cell, vacuum pumps, 

pressure sensors, gas flow lines and a gas chromatography system. As an example, the 

set-up used by Sercombe et al is showed Figure 8.  

 

Figure 8: Sketch of the experimental gas diffusion set-up (from [SER07]) 

To our knowledge, no use of gas diffusion of set-up has been already reported for 

radioactive gas experiment. 

For CEM I paste, the evolution of effective diffusion coefficient vs water saturation is 

reported in figure 9 [BOU13].  

 

Figure 9: Evolution of effective diffusion coefficient vs water saturation for CEM I 

pastes at different W/C ratio (from [BOU13]) 
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For Sw < 0.4, De(He) values are constant at 10
-6

 m
2
.s

-1
. The interpretation is that the 

continuity of the gaseous phase is such that even great variations of water saturation 

have no impact on the diffusion. For 0.4 < Sw < 0.75, De(He) values decrease linearly of 

almost four orders of magnitude (De(He) = 5. 10
-10

 m
2
.s

-1
) and do not depend on W/C 

ratios. This linear drop is interpreted as the progressive closure of the percolation path 

due to the filling of the porosity by water and then the apparition of a continuous 

aqueous phase which prevents the progression of gas in the porosity. For Sw> 0.75, the 

dispersion of experimental is such that is not really to give a trend. 

These results have been macroscopically modelled with a simplified formalism taking 

into account the microstructure of the cement paste and the water saturation [BOU13]. 

The relationship is the following: 

( 

with 

 

p : total porosity (-) with p= 0.35±0,05  

De
0
: He diffusion coefficient at dry state with De

0
 = (3.0±1.5)10

-6
 m

2
.s

-1
 

Sw : water saturation (-) 

 

The best fit of the experimental data has been obtained with a = 5.25±1.25 and b =2 and 

it’ reported figure 8. 

( 

with 

p : total porosity (-) with p= 0.35±0,05  

De
0
: He diffusion coefficient at dry state with De

0
 = (3.0±1.5)10

-6
 m

2
.s

-1
 

Sw : water saturation (-) 

 

The best fit of the experimental data has been obtained with a = 5.25±1.25 and b =2 and 

it’ reported figure 10. 

The same fitting approach can be done with data acquired on CEM V based material 

with the following parameters 

p : total porosity (-) with p= 0.35±0,05  

De
0
: He diffusion coefficient at dry state with De

0
 = (1.1±0.5)10

-7
 m

2
.s

-1
 

Sw : water saturation (-) 

 

The best fit of the experimental data has been obtained with a = 3.1±1.0 and b =1.67 

(figure 11). 
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Figure 10: Fit of Helium diffusivity (De/De
0
) vs water saturation for CEM I paste with 

various W/C ratio 

 

 

 
 

Figure 11: Fit of Helium diffusivity (De/De
0
) vs water saturation for a CEM V paste 

(W/C =0.45) and CEM V concrete 

 

In this type of material (CEMV), the presence of a very dense porosity due to the 

hydrates smoothes the difference between paste and concrete samples. Moreover, 

Sercombe et al have compared hydrogen diffusion coefficient data obtained for CEM I 

and CEM V pastes (figure 12). The behaviour of CEM V paste is different from this of 

CEM I sample. First, the hydrogen diffusion coefficient, for Sw values ranges from 0.1 

to 0.6 is one order of magnitude lower than this of CEM I paste (De(H) = 2 to 8 10
-8

 

m
2
.s

-1
). Second, the evolution of the diffusion coefficient vs water saturation shows two 

steps:  
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Figure 12: Hydrogen diffusion coefficient vs water saturation for CEM I (W/C=0.35 

and 0.45) and CEM V (W/C=0.45) cement paste 

 

For 0.6<Sw<0.85, a very slow decrease (by one order of magnitude), then for Sw>0.85, 

a sharp decrease (three orders of magnitude) is registered. This sharp decrease of the 

diffusion coefficient indicates a discontinuity (like a percolation threshold) of the 

capillary pore system in the CEM V cement paste. It shows that above a given 

saturation (here 0.9), the pore network of the CEM V paste accessible to gas species 

becomes highly discontinuous. This beviour is not observed on CEM I paste which 

presents a continuous evolution of the diffusion coefficient in the same range of Sw. 

This difference probably originates from a more uniform pore size distribution in CEM 

V paste, centered on smaller pore diameters. The diffusion threshold would then be 

related to the saturation of an important fraction of pores of similar diameter. The wider 

pore size distribution in CEM I paste lead to a smoother evolution of the diffusion 

coefficient since the saturation (or desaturation) of the porosity occurs progressively 

[SER07]. 

CONCLUSION 

Unsaturated conditions will prevail in surface and/or underground waste disposal for a 

very long period of time (100 000 years) due to the interaction of materials with 

atmospheric condition during the operation phase or to the release of gas from wastes 

during the post-closure phase. Cement materials which are used for several purposes in 

a storage (engineered barriers, matrix for IL-LL wastes,…) will then be affected. Due 

to its relatively long half life, carbon-14 is a radionuclide of interest for studying the 

long-term behaviour of a repository. It is now well established that carbon-14 can be 

released from wastes with a complex speciation (organic or inorganic, dissolved or 

gaseous species). As inorganic carbon species (
14

CO2 and its bases) is very reactive in 

saturated cementitious environment. Nevertheless, in unsaturated conditions, the 

presence of two phases (gas/solution interface) in the pore network may have an impact 

of the diffusive properties of carbon-14. 
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This rapid overview shows that if some (scarce) studies describe the diffusion 

properties of gas in unsaturated cement materials as a function of water saturation, none 

is related to CO2. Moreover, due to its strong reactivity in cement pore water, carbonate 

ions are not studied as a potentially diffusive species. In conclusion, as far as we know, 

no data is available on the diffusive properties of carbon-14 in unsaturated cement 

materials. 

From the experimental point of view, only few experimental set-ups are available for 

studying the diffusive parameters of radionuclides (or tracers) under unsaturated 

conditions. Depending on water saturation (Sw), either a modified through-diffusion set-

up (high Sw >0.8) [SAV10] or a more classical gas diffusion set-up (intermediate Sw, 

0.5-07) [SER07] will be then tested in our project. 
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